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Abstract

Acid solutions containing up to 1 g l�1 of the drug paracetamol have been treated with ozone alone and ozonation catalyzed with Fe2+, Cu2+

and/or UVA light at 25.0 8C. Direct ozonation yields poor degradation due to the high stability of final carboxylic acids formed, whereas more than

83% of mineralization is attained with the catalyzed methods. Under UVA irradiation, organics can be efficiently destroyed by the combined action

of generated H2O2 and UVA light. In the presence of Fe2+ and UVA light, the process is accelerated due to the production of oxidant hydroxyl

radical (�OH) and the photodecomposition of Fe3+ complexes. The highest oxidizing power is achieved by combining Fe2+, Cu2+ and UVA light,

because complexes of final acids with Cu2+ are more quickly degraded than those competitively formed with Fe3+. For all catalyzed methods, the

initial mineralization rate is enhanced and the percent of degradation generally drops with increasing drug concentration. The paracetamol decay

always follows a pseudo-first-order reaction with slightly higher rate constant for catalyzed systems than direct ozonation. Aromatic products such

as hydroquinone, p-benzoquinone and 2-hydroxy-4-(N-acetyl)aminophenol are identified by gas chromatography–mass spectrometry (GC–MS)

and reversed-phase chromatography. Acetamide is generated when hydroquinone is produced. These products are degraded to oxalic and oxamic

acids as ultimate carboxylic acids, as detected by GC–MS and ion-exclusion chromatography. Oxalic acid is generated via glycolic, glyoxylic,

tartronic, ketomalonic and maleic acids. While Fe3+-oxalato complexes are photolyzed by UVA light, Cu2+-oxalato, Fe3+-oxamato and Cu2+-

oxamato complexes are oxidized with �OH. NH4
+ and NO3

� ions are produced during mineralization.

# 2006 Elsevier B.V. All rights reserved.

Keywords: Paracetamol; Ozonation; Catalysis; Water treatment; Oxidation products

1. Introduction

A large number of pharmaceutical drugs such as anti-

inflammatories, analgesics, betablockers, lipid regulators, anti-

biotics, antiepileptics and estrogens have been recently detected

as minor contaminants, usually with concentrations<10 mg l�1,

in sewage treatment plant effluents, surface and groundwaters

and even in drinking water [1–13]. Although possible interac-

tions of the major part of these pollutants with living organisms in

the environment are not documented, some pharmaceuticals are

suspected to affect the endocrine system of fishes and available

data on antibiotics indicate that they can exert toxic effects on

algae and invertebrates and can favor the development of multi-

resistant strains of microorganisms [14,15]. Contamination can

arise from different sources such as emission from production

sites, direct disposal of overplus drugs in households, excretion

after drug administration to humans and animals, treatments

throughout the water in fish and other animal farms and

inadequate treatment of manufacturing waste [2,15,16]. Wide-

spread contamination mainly occurs when drugs are recalcitrant

towards degradation and can only be partially removed in sewage

treatment plants. This makes necessary the development of

powerful oxidation methods to ensure the total destruction of

drugs and their by-products for avoiding their dangerous

accumulation in the aquatic environment. In this way, several

works have been devoted to the degradation of some

pharmaceuticals in waters by ozonation and advanced oxidation

processes (AOPs) such as O3/H2O2, H2O2/UV and H2O2/Fe2+/

UV, with formation of hydroxyl radical (�OH) as main oxidizing

agent of organics [15,17–23].

www.elsevier.com/locate/apcatb
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Paracetamol (N-(4-hydroxyphenyl)acetamide) is a common

analgesic and anti-inflammatory widely used for humans and

animals. This drug has been found with a concentration up to

6 mg l�1 in European sewage effluents [1] and up to 10 mg l�1

in USA natural waters [6]. It may also enter the environment

from manufacturing wastes [16]. Recently, the treatment of

aqueous paracetamol solutions by several chemical [18,20] and

electrochemical [24–26] methods has been reported. Thus,

Vogna et al. [18] found that paracetamol oxidation by the H2O2/

UV system gives rise to nitrogenous products such as 2-

hydroxy-4-(N-acetyl)aminophenol, acetamide and oxamic

acid. Andreozzi et al. [20] reported that the O3 and H2O2/

UV systems yield complete removal of this drug in the pH range

2.0–7.0, but they only lead to a partial decontamination of 30%

and 40%, respectively. Direct ozonation generates hydrogen

peroxide, aromatic intermediates such as hydroquinone, 1,2,4-

trihydroxybenzene and 2-hydroxy-4-(N-acetyl)aminophenol,

and aliphatic acids such as glyoxylic, oxalic and formic. The

H2O2/UV system produces the same aromatic by-products,

along with a mixture of maleic, malonic and oxalic acids. On

the other hand, we have shown that photoelectro-Fenton with a

Pt anode and Fe2+, Cu2+ and UVA light as catalysts [24,25], as

well as anodic oxidation with a BDD electrode [26], are very

effective electrochemical methods to destroy paracetamol and

its oxidation products. In both cases, oxalic and oxamic acids

are formed as final carboxylic acids and NH4
+ and NO3

� ions

are released as inorganic ions.

The aim of the present work is to clarify whether

paracetamol can be effectively degraded by improving the

oxidizing power of ozone with different catalysts. Several

papers have shown that the O3/UV [27–35], O3/Fe2+ [30–37]

and O3/Fe2+/UVA [30–35,38] systems yield a much quicker

removal of organics from waters than direct O3. The systems

catalyzed with Fe2+ can produce large amounts of �OH, which

is a stronger and non-selective oxidant able to react with

pollutants up to their complete mineralization (i.e., their

transformation into CO2 and inorganic ions). Under an UV

irradiation, contaminants and/or their complexes with iron ions

can be photolyzed. In a recent work [35] we also explored the

use of Cu2+ in the catalyzed ozonation of acidic aqueous

solutions of 2,4-dichlorophenoxypropionic acid, but no

significant enhancement of the oxidation ability of the O3/

Fe2+ + Cu2+/UVA system with respect to that of the O3/Fe2+/

UVA one was found. This can be due to the additional small

amount of �OH generated by the action of Cu2+, along with the

slow oxidation of complexes of by-products with Cu2+ in front

of the faster removal of their complexes competitively formed

with iron ions. The use of both combined ions could be

beneficial for the treatment of organics yielding complexes with

Cu2+ easily degradable.

In this paper we report a detailed study on the mineralization

of paracetamol in acid medium by ozone and ozonation

catalyzed with Fe2+, Cu2+ and/or UVA light. The comparative

oxidizing power of the O3, O3/Cu2+, O3/Fe2+, O3/UVA, O3/

Fe2+/UVA and O3/Fe2+ + Cu2+/UVA systems was examined

using a solution with a drug concentration equivalent to

100 mg l�1 of total organic carbon, at pH 3.0 and at 25.0 8C.

The influence of Fe2+ and/or Cu2+ concentrations and solution

pH on catalyzed processes was considered. The degradation

efficiency of the O3/UVA, O3/Fe2+/UVA and O3/Fe2+ + Cu2+/

UVA methods with varying drug concentration was also

determined. The decay kinetics of paracetamol and the time-

course of its aromatic products and generated carboxylic acids

were followed by chromatographic techniques. From these

results, the reaction sequence of the drug is discussed.

2. Experimental

2.1. Chemicals

Paracetamol, hydroquinone, p-benzoquinone, acetamide,

maleic acid, oxalic acid and oxamic acid were reagent grade

purchased from Avocado, Merck, Sigma–Aldrich and Panreac.

Heptahydrated ferrous sulfate and pentahydrated cupric sulfate,

both used as catalyst, were analytical grade supplied by Fluka.

All solutions were prepared with high-purity water obtained

from a Millipore Milli-Q system with resistivity>18 MV cm at

25 8C. The initial pH of each solution was adjusted with

analytical grade sulfuric acid supplied by Merck. Organic

solvents and other chemicals employed were either HPLC or

analytical grade from Fluka and Panreac.

2.2. Instruments and analysis procedures

Ozone was generated with an Erwin Sander 300.5 ozonizer

fed with pure O2 at 1.1 bar and at a flow rate of 60 l h�1. The

solution pH was measured with a Crison 2000 pH-meter.

Samples of treated solutions were filtered with 0.45 mm PTFE

filters from Whatman before analysis. The mineralization of

paracetamol solutions was monitored from the abatement of

their total organic carbon (TOC), determined on a Shimadzu

VCSN TOC analyzer using the standard non-purgeable organic

carbon (NPOC) method. Aromatic intermediates were identi-

fied by gas chromatography–mass spectrometry (GC–MS) with

a Hewlett-Packard system composed of a HP 5890 Series II gas

chromatograph fitted with an Innowax 0.25 mm column

(30 m � 0.25 mm (i.d.)), coupled with a HP 5989A mass

spectrometer operating in EI mode at 70 eV and at 300 8C.

Silylated intermediates were detected by the same GC–MS

system using a HP-5 0.25 mm column (30 m � 0.25 mm (i.d.))

with the following temperature ramp: 80 8C for 1 min,

7 8C min�1 up to 150 8C, hold time 5 min, 7 8C min�1 up to

200 8C and hold time 5 min [20]. The paracetamol decay and

the evolution of its aromatic products were followed by

reversed-phase chromatography using a Waters 600 HPLC

liquid chromatograph, fitted with a Phenomenex Luna 5 mm

C18 column (250 mm � 4.6 mm (i.d.)) at room temperature,

coupled with a Waters 996 photodiode array detector selected at

l = 244 nm and controlled through a Millennium-321 pro-

gram. These measurements were carried out by injecting 20 ml

aliquots into the HPLC chromatograph and circulating a

mixture of 70:30 (v/v) 0.1 M KH2PO4 + 0.01 M tetrabutylam-

monium hydrogensulfate + NaOH (pH 7.2)/acetonitrile as

mobile phase at 0.8 ml min�1 [39]. Generated carboxylic acids

M. Skoumal et al. / Applied Catalysis B: Environmental 66 (2006) 228–240 229
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were detected and quantified by ion-exclusion chromatography

using the above chromatograph fitted with a Bio-Rad Aminex

HPX 87H column (300 mm � 7.8 mm (i.d.)) at 35 8C, in

conjunction with the photodiode array detector selected at

l = 210 nm. In this technique, samples of 20 ml were also

injected into the chromatograph and the mobile phase was

4 mM H2SO4 at 0.6 ml min�1. NH4
+ and NO3

� concentrations

in treated solutions were determined by ion chromatography,

injecting 20 ml aliquots into a Shimadzu 10Avp HPLC

chromatograph coupled with a Shimadzu CDD 10Avp

conductivity detector. NO3
� measurements were performed

with this chromatograph fitted with a Shim-Pack IC-A1S anion

column (100 mm � 4.6 mm (i.d.)) at 40 8C and circulating a

mobile phase composed of 2.5 mM phtalic acid and 2.4 mM

tris(hydroxymethyl)aminomethane at 1.5 ml min�1. For NH4
+

determinations, a Shodex IC YK-421 cation column

(125 mm � 4.6 mm (i.d.)) at 40 8C and a mobile phase with

5 mM tartaric, 1 mM dipicolinic and 24 mM boric acids at

1.0 ml min�1 were utilized. H2O2 concentration in treated

solutions was obtained from the light absorption of the titanic-

hydrogen peroxide colored complex at l = 408 nm, determined

with a Unicam UV4 Prisma double-beam spectrometer

thermostated at 25 8C.

2.3. Ozonation system

A scheme of the reactor cell for ozonation experiments has

been reported elsewhere [35]. It was an open, thermostated

cylindrical Pyrex cell containing 100 ml of drug solution under

stirring with a magnetic bar. The temperature was always

maintained at 25.0 � 0.1 8C. The O2 + O3 mixture generated by

the ozonizer was supplied to the solution through a stainless steel

diffuser at a constant flow rate of 1.0 g O3 h�1, as determined by

standard iodometry. UVA light irradiation was carried out with a

6 W Philips fluorescent black light blue tube that emitted in the

wavelength range 300–420 nm, with lmax = 360 nm. The tube

was placed at the top of the open cell at 7 cm over it, supplying a

flux of incident photons by unit reactor volume of

8.3 � 10�7 Einstein l�1 min�1, as detected with a uranyl

actinometer active to photons in the range 250–500 nm.

A solution containing 157 mg l�1 of paracetamol (equivalent

to 100 mg l�1 of TOC) adjusted with H2SO4 to pH 3.0 was

comparatively degraded by the O3, O3/Cu2+, O3/Fe2+, O3/UVA,

O3/Fe2+/UVA and O3/Fe2+ + Cu2+/UVA systems. In such trials,

Cu2+ and/or Fe2+ concentrations between 0.25 and 1.0 mM were

added to the solution as catalyst before treatment. The maximum

Fe2+ content of 1.0 mM was chosen since it allows an efficient

degradation of organic solutions of pH 3 by AOPs such as H2O2/

Fe2+, H2O2/Fe3+ and H2O2/Fe3+/UV [41,42]. The effect of pH on

the oxidation power of the O3/Fe2+/UVA and O3/Fe2+ + Cu2+/

UVA methods was studied in the pH range 2.0–6.0. For the

experiments starting from pH 4.0 and 6.0, the solution pH was

continuously regulated within a range of �0.3 units by adding

small volumes of 0.5 M NaOH. The degradation efficiency of the

O3/UVA, O3/Fe2+/UVA and O3/Fe2+ + Cu2+/UVA systems was

also tested for solutions with drug concentration between

78 mg l�1 and about 1 g l�1 of pH 3.0.

To identify the oxidation products of paracetamol, several

628 mg l�1 drug solutions of pH 3.0 were treated by different

methods during given times. The organic components of the

resulting solutions were then extracted three times with 25 ml

of CH2Cl2. Each collected organic solution was dried with

anhydrous Na2SO4, filtered and its volume reduced to ca. 2 ml

to concentrate the remaining aromatics for their GC–MS

analysis. On the other hand, about 5 ml of drug solutions

degraded in the same conditions were lyophilized and treated

with 1 ml of N,O-bis-(trimetylsilyl)acetamide under heating at

60 8C and stirring for 10 min. The resulting silylated products

were diluted with 1 ml of ethyl acetate and further analyzed by

GC–MS.

3. Results and discussion

3.1. Comparative TOC removal

The oxidizing power of direct ozonation and catalyzed

methods was tested from the degradation of 100 ml of a

157 mg l�1 paracetamol solution of pH 3.0 at 25.0 8C by

flowing 1.0 g O3 h�1 for 4 h. The treatments catalyzed with

metallic ions were carried out by adding 1.0 mM Fe2+ and/or

0.25 mM Cu2+ previously to the solution. In these experiments,

the pH of all solutions remained practically constant, reaching a

final value close to 2.8–2.9. The comparative TOC decay of the

above drug solution treated by the O3 (curve a), O3/Cu2+ (curve

b), O3/Fe2+ (curve c), O3/UVA (curve d), O3/Fe2+/UVA (curve

e) and O3/Fe2+ + Cu2+/UVA (curve f) systems is depicted in

Fig. 1(a). These results show a similar initial mineralization rate

of 67 and 72 mg TOC l�1 h�1 for the O3 and O3/UVA methods,

respectively. However, their relative oxidizing power changes

when reaction time is prolonged. Curve a of Fig. 1(a) shows that

direct ozonation yields a slow and progressive decontamination

up to reach 39% of TOC removal at 4 h. For the O3/UVA system

(curve d of Fig. 1(a)), pollutants are more rapidly degraded and

TOC is finally reduced by 96%. As can be seen in Fig. 1(b), a

steady H2O2 concentration close to 0.16 mM is found in the

solution from 15 min of the O3 treatment. H2O2 is formed as

secondary product of the reaction of O3 with olefinic products

coming from the breaking of the aromatic moiety of the initial

substrate [20,40]. The fact that this weak oxidant is not

destroyed during direct ozonation, evidences that paracetamol

and its products are mainly degraded by O3, without significant

participation of H2O2. In contrast, in the treatment with O3/

UVA a greater H2O2 concentration near 1 mM was detected in

the medium at 5 min, although it quickly decreased to disappear

in 30 min (see Fig. 1(b)). The initially larger accumulation of

H2O2 in the O3/UVA system than in the O3 one can be related to

the additional photolysis of ozone:

O3þH2Oþ hn ! H2O2þO2 (1)

Reaction (1) takes place under irradiation with UVC light of

lmax = 254 nm [34], but it also occurs when UVA light with

l > 300 nm is used, because ozone absorbs the proportion of

photons supplied between 300 and 320 nm [32]. The disap-

pearance of H2O2 in the O3/UVA system cannot be associated

M. Skoumal et al. / Applied Catalysis B: Environmental 66 (2006) 228–240230
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with its photodecomposition to the stronger oxidant �OH, since

the initial TOC decay of this method is similar to that of the O3

one. It seems more reasonable to consider that UVA light

induces either the direct photolysis of organics or their activa-

tion to react more easily with O3 and/or also with H2O2, so that,

the combination of all these reactions causes the slow and

practically total degradation of paracetamol and its products at

pH 3.0 (see curve d of Fig. 1(a)).

A very different behavior is found when Fe2+ is added to the

solution. Thus, the initial mineralization rate is enhanced from

69 mg TOC l�1 h�1 for the O3 system to 109 mg TOC l�1 h�1

for the O3/Fe2+ one. This can be explained, in principle, by the

parallel quicker reaction of pollutants with �OH, produced from

the hydrolysis of FeO2+ formed by reaction of ozone with Fe2+

[37]:

Fe2þ þO3 ! FeO2þ þO2 (2)

FeO2þ þH2O ! Fe3þ þ �OH þ OH� (3)

For the O3/Fe2+ treatment, however, Fig. 1(b) shows that H2O2

generated from O3 attack on olephinic compounds disappears

in 15 min after a maximum concentration of 0.3 mM is reached.

This behavior can be related to the fast reaction of H2O2 with

Fe2+ via Fenton’s reaction (4) [41,42], producing additional
�OH that also contributes to the destruction of pollutants

Fe2þ þH2O2 ! Fe3þ þ �OH þ OH� (4)

In addition, Fe2+ can be regenerated from reduction of Fe3+

with H2O2 and with hydroperoxyl radical (HO2
�) [41], which is

a much weaker oxidant than �OH:

Fe3þ þH2O2 ! Fe2þ þHþ þHO2
� (5)

Fe3þ þHO2
� ! Fe2þ þHþ þO2 (6)

Reactions (5) and (6) ensure the catalytic loop of the Fe3+/Fe2+

pair to produce enough Fe2+ to propagate reactions (2)–(4).

Curve c of Fig. 1(a) shows that the paracetamol solution is

rapidly degraded during the early stages of the O3/Fe2+

treatment up to reach 49% of mineralization at 30 min, while at

longer times its TOC drops very slowly because of the

formation of products as carboxylic acids that are hardly

degraded. In contrast, the O3/Fe2+/UVA system accelerates the

initial mineralization rate to 174 mg TOC l�1 h�1 and gives

rise to a more efficient mineralization with a final TOC removal

of 91% (see curve e of Fig. 1(a)). This positive effect can be

accounted for by different parallel paths involving: (i)

photolysis of complexes of Fe3+ with generated carboxylic

acids such as oxalic, which cannot be oxidized by O3 and/or
�OH in the O3/Fe2+ system [30–33,35,43]; (ii) production of

more �OH either by oxidation of Fe2+ with H2O2 formed from

reaction (1) via Fenton’s reaction (4) or by photoreduction of

the resulting Fe3+ to Fe2+ by reaction (7) [44]:

Fe3þ þH2Oþ hn ! Fe2þ þ �OH þ Hþ (7)

The much higher initial TOC abatement found for the O3/Fe2+/

UVA system than the O3/Fe2+ one can then be related to the

faster production of �OH from reactions (4) and (7), thus

strongly accelerating the destruction of pollutants. Results of

Fig. 1(b) evidence that generated H2O2 is much more rapidly

removed for the O3/Fe2+/UVA treatment to disappear in 10 min.

This confirms the positive action of reaction (7) under these

conditions, due to the additional production of �OH and quicker

regeneration of Fe2+ that enhances reactions (3) and (4).

When the paracetamol solution is treated by the O3/

Fe2+ + Cu2+/UVA method, more �OH could be produced by the

Cu2+/Cu+ pair, since Cu2+ can be reduced with HO2
� formed

from reaction (5) to give Cu+, which can be further oxidized

with H2O2 generated by reaction (1) to Cu2+ and �OH [45]:

Cu2þ þHO2
� ! Cuþ þHþ þO2 (8)

Cuþ þH2O2 ! Cu2þ þ �OH þ OH� (9)

However, curves e and f of Fig. 1(a) show a similar initial

mineralization rate of 174 and 180 mg TOC l�1 h�1 for both

O3/Fe2+/UVA and O3/Fe2+ + Cu2+/UVA systems. This agrees

with the fast and similar H2O2 removal detected during the first

10 min of both treatments (see Fig. 1(b)). These results indicate

an insignificant participation of the Cu2+/Cu+ pair to generate

M. Skoumal et al. / Applied Catalysis B: Environmental 66 (2006) 228–240 231

Fig. 1. (a) TOC removal with time and (b) evolution of H2O2 concentration

during the mineralization of 100 ml of a 157 mg l�1 paracetamol solution of pH

3.0 by the system: (a, *) O3; (b, &) O3 + 0.25 mM Cu2+; (c, ~) O3 + 1.0 mM

Fe2+; (d, *) O3/UVA; (e, &) O3 + 1.0 mM Fe2+ + UVA; (f, ~) O3 + 1.0 mM

Fe2+ + 0.25 mM Cu2+ + UVA. Ozone flow rate 1.0 g h�1. Temperature 25.0 8C.
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�OH in front of the great production of this radical by reactions

(3), (4) and (7) under the action of the Fe3+/Fe2+ one. For the

O3/Fe2+ + Cu2+/UVA procedure, competitive formation of

complexes of pollutants (N-products, carboxylic acids, etc.)

with both Fe3+ and Cu2+ ions is expected. The quickest para-

cetamol degradation under these conditions (see curve f of

Fig. 1(a)), yielding 94% of TOC removal at 4 h, can then be

ascribed to the more rapid oxidation of some Cu2+ complexes

than the corresponding Fe3+ ones. As can be seen in curve b of

Fig. 1(a), the use of the O3 system with catalytic Cu2+ causes a

slow mineralization for 90 min leading to 48% of decontami-

nation, although its initial mineralization rate increases to

101 mg TOC l�1 h�1. From 15 min of this treatment, a steady

H2O2 concentration of 0.16 mM, similar to that found for direct

ozonation, is detected in the solution (see Fig. 1(b)), as expected

if �OH is not produced by reaction (9) while pollutants are

degraded. These findings confirm the generation of complexes

of some organics with Cu2+ that are easily destroyed by ozone.

The additional action of �OH and UVA light explains the

effective oxidation of the remaining species using O3/

Fe2+ + Cu2+/UVA.

The change of �OH concentration in the Fe2+ catalyzed

ozonation systems was checked from the comparative

degradation of a 20 mg l�1 (0.22 mM) oxamic solution of

pH 3.0 in the absence and presence of 30 mM t-butanol as

scavenger of �OH. Oxamic acid was chosen for this study since

it is the most persistent carboxylic acid of paracetamol

degradation, as will be discussed below. The decay of this acid

for different catalyzed ozonation treatments was followed by

ion-exclusion chromatography and the results obtained for 1 h

of these trials are depicted in Fig. 2. The use of ozone combined

with 1.0 mM Fe2+, 0.25 mM Cu2+ and/or UVA light always

causes the destruction of oxamic acid in more or less extent

depending on the method tested. However, all these processes

are strongly inhibited in the presence of t-butanol, indicating

that �OH is the main oxidizing agent. When Fe2+ alone is added

to the solution, it contains Fe2+-oxamato complexes in

equilibrium with not associated Fe2+, which can react with

O3 to produce �OH and Fe3+ via reaction (3). �OH thus

generated can oxidize both Fe2+-oxamato and Fe3+-oxamato

complexes competitively formed. As can be seen in Fig. 2, the

O3/Fe2+ system yields quite poor destruction of these species

for 30 min, whereupon they are not degraded because Fe2+ is

consumed and hence, only Fe3+-oxamato complexes and Fe3+

remain in the medium. In contrast, a much more rapid oxidation

of these complexes can be observed for the O3/Fe2+/UVA

system, where they can be continuously destroyed for 3 h with a

reduction of about 50% of the initial compound. This behavior

can be accounted for by the greater �OH production under the

action of UVA light via reactions (3), (4) and (7). Reaction (7)

generates this radical and also regenerates Fe2+ to accelerate

reactions (3) and (4) to give more �OH concentration. Under

these conditions, oxidation of Fe3+-oxamato complexes mainly

takes place. Fig. 2 shows a strong enhancement of oxamic acid

degradation when Cu2+ is also present in the solution, as

expected if the destruction of Cu2+-oxamato complexes with
�OH is much faster than that of its competitive iron complexes.

These species are not oxidized after 1 h of the O3/Fe2+ + Cu2+

treatment, when Fe2+ is already consumed and reaction (3) does

not take place, although they can be destroyed up to 3 h of the

O3/Fe2+ + Cu2+/UVA treatment, leading to 80% of oxamic acid

removal, due to the efficient generation of �OH via reactions

(3), (4) and (7).

The above findings allow establishing that the oxidizing

power of the O3/UVA, O3/Fe2+/UVA and O3/Fe2+ + Cu2+/UVA

systems is high enough to mineralize practically 157 mg l�1 of

paracetamol at pH 3.0. Then, we concentrated our efforts to

clarify the effect of metallic ions concentration, solution pH and

drug concentration on each process to know its characteristics

and effectiveness. The results obtained are discussed in the

following section.

3.2. Effect of experimental parameters

Several 157 mg l�1 paracetamol solutions of pH 3.0 with

Fe2+ and/or Cu2+ concentrations between 0.25 and 1.0 mM

were ozonated with 1.0 g O3 h�1 under UVA irradiation. The

TOC–time plots for such trials are shown in Fig. 3. For the O3/

Cu2+/UVA system, an initial mineralization rate close to

98 mg TOC l�1 h�1 is obtained independently of Cu2+ con-

centration. This value is similar to 101 mg TOC l�1 h�1 found

for the O3/Cu2+ treatment, corroborating that initial products

are oxidized with O3 since the Cu2+/Cu+ pair produces very

poor amount of �OH under the present experimental conditions.

The faster degradation rate for 1.0 mM Cu2+ than for 0.25 mM

Cu2+ up to reach 80% and 73% of TOC abatement at 4 h,

respectively (see Fig. 3) can be associated with the formation of

larger amount of Cu2+ complexes easily degradable by O3 and/

or UVA light. A similar tendency can be observed in Fig. 3 for

the O3/Fe2+/UVA system, although in this case the initial

mineralization rate varies from 132 mg TOC l�1 h�1 for

0.25 mM Fe2+ to 174 mg TOC l�1 h�1 for 1.0 mM Fe2+, as

expected if more �OH is formed from reactions (3), (4) and (7)
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Fig. 2. Effect of hydroxyl radicals generated in the Fe2+ catalyzed ozonation

processes on the degradation of a 20 mg l�1 (0.22 mM) oxamic acid solution of

pH 3.0. System: (*, *) O3 + 1.0 mM Fe2+; (&,&) O3 + 1.0 mM Fe2+ + UVA;

(~, ~)O3 + 1.0 mM Fe2+ + 0.25 mM Cu2+; (^, ^)O3 + 1.0 mM

Fe2+ + 0.25 mM Cu2+ + UVA. In (*, &, ~, ^) 30 mM t-butanol was added

to the initial solution. Ozone flow rate 1.0 g h�1. Temperature 25.0 8C.
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when Fe2+ content increases. In the presence of more Fe2+, a

greater TOC removal also occurs, indicating the generation of

more Fe3+ complexes easily destroyed by �OH and/or UVA

light. Fig. 3 shows a positive synergetic effect for the different

Fe2+/Cu2+ ratios tested, always yielding a quicker TOC decay

than that of each separated ion to attain 90–94% of

mineralization at 4 h. During the first hour of treatment, the

solution with more proportion of Cu2+ (0.25 mM

Fe2+ + 1.0 mM Cu2+) is more quickly degraded. This suggests

that some initial products give Cu2+ complexes that are more

easily oxidized with O3 and/or �OH than their Fe3+ complexes.

However, the solution is mineralized in slightly larger extent at

the end of the treatment with 1.0 mM Fe2+ + 0.25 mM Cu2+.

The presence of more Fe2+ than Cu2+ then favors the formation

of greater proportion of complexes of Fe3+ with final carboxylic

acids, accelerating their destruction.

The influence of pH on the oxidizing ability of the catalyzed

ozonation processes was tested by treating different solutions

containing 157 mg l�1 of paracetamol and 1.0 mM of Fe2+,

without and with 0.25 mM Cu2+, in the pH range 2.0–6.0. As an

example, Fig. 4 shows that the O3/Fe2+/UVA system is more

efficient at pH 3.0, leading to a slightly slower and similar TOC

removal at pH 2.0 and 4.0, but a much slower mineralization at

pH 6.0. The same trend was found for the O3/Fe2+ + Cu2+/UVA

method. The better effectiveness at pH 3.0 agrees with the fact

that the maximum rate for �OH generation from Fenton’s

reaction (4) is achieved at pH 2.8 [41]. This confirms that this

reaction, enhanced by Fe2+ regeneration from reaction (7), is

the main source of this oxidant in the Fe2+ catalyzed ozonation

processes.

Solutions with a drug concentration between 78 and

943 mg l�1, in the presence and absence of 1.0 mM Fe2+ and

0.25 mM Cu2+, were also degraded at pH 3.0 by flowing

1.0 g O3 h�1 under UVA illumination. The quick TOC decay

obtained for such trials using the O3/UVA, O3/Fe2+/UVA and

O3/Fe2+ + Cu2+/UVA systems is presented in Fig. 5(a)–(c),

respectively. These methods are very efficient and able to

mineralize 83–96%, 87–91% and 86–94% of all solutions at

4 h. This behavior indicates the generation of the same final

carboxylic acids in all cases.

Comparative results of Fig. 5 can be better analyzed from the

percent of TOC removal determined for the solutions tested

after 2 h of each treatment and collected in Table 1. For a given

system, this parameter usually increases with decreasing

paracetamol concentration, as expected if a higher proportion

of pollutants is destroyed with the same amount of injected

oxidant. However, this trend is not verified by the solutions with

78 mg l�1 of paracetamol, since they undergo a slower

decontamination than those of 157 mg l�1. All catalyzed

treatments for 157 mg l�1 of drug then give more easily

oxidizable products, allowing to reach a maximum degradation

of 84–90% at 2 h. Comparison of the percent of TOC removal

given in Table 1 for each solution allows the conclusion that the

oxidizing power of catalyzed systems always increases in the

order O3/UVA <O3/Fe2+/UVA <O3/Fe2+ + Cu2+/UVA. This

indicates that reactions (3), (4) and (7) taking place in the two

latter methods can produce sufficient �OH to destroy rapidly

high contents of organics and/or its complexes with metallic

ions. Table 1 also collects the initial mineralization rate for the

experiments reported in Fig. 5. An inspection of these data

shows a quick and quite regular fall in initial TOC decay with

decreasing drug concentration for each catalyzed system. This

tendency can be simply related to the presence of smaller

amount of organics that are rapidly mineralized at the

beginning of all treatments. Both O3/Fe2+/UVA and O3/

Fe2+ + Cu2+/UVA methods give similar initial mineralization

rate for each drug concentration, as expected if �OH is

generated under the action of the Fe3+/Fe2+ pair, without

significant participation of the Cu2+/Cu+ one.

3.3. Paracetamol decay and reaction kinetics

The decay kinetics of paracetamol in direct ozonation and

catalyzed treatments was followed by reversed-phase chroma-

tography, where it exhibited a well-defined peak with a
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Fig. 3. Dependence of TOC on time for the degradation of 100 ml of a

157 mg l�1 paracetamol solution of pH 3.0 by O3/UVA containing the following

metallic ions as catalysts: (*) 0.25 mM Cu2+; (&) 1.0 mM Cu2+; (~) 0.25 mM

Fe2+; (^) 1.0 mM Fe2+; (*) 1.0 mM Fe2+ + 0.25 mM Cu2+; (&) 0.25 mM

Fe2+ + 1.0 mM Cu2+; (~) 0.50 mM Fe2+ + 0.50 mM Cu2+. Ozone flow rate

1.0 g h�1. Temperature 25.0 8C.

Fig. 4. Effect of pH on TOC abatement for 100 ml of 157 mg l�1 paracetamol

solutions treated by O3 + 1.0 mM Fe2+ + UVA. Initial solution pH: (&) 2.0;

(~) 3.0; (^) 4.0; (*) 6.0. Ozone flow rate 1.0 g h�1. Temperature 25.0 8C.
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retention time of 2.76 min. Fig. 6 shows the evolution of the

concentration of a 157 mg l�1 drug solution of pH 3.0 treated

with the O3, O3/UVA, O3/Fe2+/UVA and O3/Fe2+ + Cu2+/UVA

systems. As can be seen, this compound is rapidly destroyed by

all procedures, disappearing from the medium in 5–6 min. This

behavior suggests that paracetamol is not photolyzed by UVA

light. This assumption was confirmed by checking from

reversed-phase chromatography that the paracetamol contained

in the above solution remained stable after 4 h of UVA

illumination without flow of ozone. The very fast destruction of

paracetamol by all systems can then be mainly ascribed to its

direct reaction with molecular ozone.

Analysis of paracetamol concentration decays reported in

Fig. 6 from kinetic equations related to different reaction orders

only yielded good linear plots, with regression coefficient

>0.995, when they were fitted to a pseudo-first-order reaction.

This kinetic analysis is depicted in the inset of Fig. 6, giving a

pseudo-first-order rate constant (k) of 1.2 � 10�2, 1.7 � 10�2,

1.7 � 10�2 and 1.6 � 10�2 s�1 for the O3, O3/UVA, O3/Fe2+/

UVA and O3/Fe2+ + Cu2+/UVA systems, respectively. The

M. Skoumal et al. / Applied Catalysis B: Environmental 66 (2006) 228–240234

Fig. 5. TOC decay vs. time for the mineralization of 100 ml of solutions of pH 3.0 with paracetamol concentration of: (*) 943 mg l�1; (&) 629 mg l�1; (~)

315 mg l�1; (!) 157 mg l�1; (^) 78 mg l�1. Plots correspond to the system: (a) O3/UVA; (b) O3 + 1.0 mM Fe2+ + UVA; (c) O3 + 1.0 mM Fe2+ + 0.25 mM

Cu2+ + UVA. Ozone flow rate 1.0 g h�1. Temperature 25.0 8C.

Table 1

Percent of TOC removal obtained after 2 h of treatment of 100 ml of different paracetamol solutions at pH 3.0 and at 25.0 8C by catalyzed ozonation processes. The

corresponding initial mineralization rate (in mg TOC l�1 h�1) is given in parenthesis

c0
a (mg l�1) System

O3/UVA O3 + 1.0 mM

Fe2+ + UVA

O3 + 1.0 mM Fe2+ +

0.25 mM Cu2+ + UVA

943 50 (292) 73 (418) 78 (390)

629 63 (248) 73 (340) 87 (359)

315 61 (145) 82 (201) 87 (193)

157 84 (72) 85 (174) 90 (180)

78 50 (29) 74 (101) 82 (105)

a Initial paracetamol concentration.
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higher k-value for the O3/UVA system than for the O3 one can

be related to the parallel oxidation with H2O2 induced by UVA

light. However, k does not increases significantly when Fe2+

and/or Cu2+ ions are also present in the medium. That means

that the major part of �OH generated in the early stages of the

O3/Fe2+/UVA and O3/Fe2+ + Cu2+/UVA treatments is rather

consumed in the direct degradation of products that are more

easily oxidizable than the initial compound to CO2, thus

strongly enhancing the initial mineralization rate (see Table 1).

The effect of drug concentration on its decay kinetics was

further studied for the O3/Fe2+ + Cu2+/UVA system. Fig. 7

shows that the destruction rate of paracetamol becomes slower

with increasing its initial concentration. For example, the time

required for its complete disappearance is about 10 min for

629 mg l�1, but only close to 5 min for 157 mg l�1. The

corresponding drug concentration decays were always fitted to

pseudo-first-order kinetics, as can be seen in the inset of Fig. 7.

From this analysis, decreasing k values of 1.6 � 10�2,

1.11 � 10�2 and 8.0 � 10�3 s�1 are found for increasing

concentrations of 157, 315 and 629 mg l�1 of paracetamol,

respectively. This gradual drop in k can be related to a

progressive increase in the relative proportion of O3 with

respect to �OH as oxidants [35]. Thus, when drug concentration

rises, more injected ozone is expected to be consumed in the

direct reaction with paracetamol and hence, a smaller

proportion of this species is transformed into �OH from

reactions (3) and (4). For the O3/Fe2+ + Cu2+/UVA system, the

degradation path via �OH is favored at low pollutant

concentrations, whereas slower reactions with ozone become

more important with increasing contaminant content.

3.4. Time-course of intermediates

Table 2 summarizes the intermediates detected by GC–MS

(without and with further silylation) during the treatment of a

629 mg l�1 paracetamol solution of pH 3.0 by O3 and O3/Fe2+/

UVA at different reaction times. The retention time and

molecular peak for each compound found in each technique are

also collected. The principal mass fragments of all products and

their trimethylsilyl derivatives were in agreement with those

obtained in the MS spectra of pure standards [20].

Results of Table 2 show that aromatic intermediates such as

hydroquinone and p-benzoquinone are detected at very short

reaction times (<10 min). Under these conditions, acetamide,

released when hydroquinone is formed [20], is also found. Note

that the hydroxylated product 2-hydroxy-4-(N-acetyl)amino-

phenol is only accumulated using O3/Fe2+/UVA, indicating that

its formation is favored in the presence of �OH. Similar

oxidation products have been previously reported for para-

cetamol degradation by O3 and H2O2/UV [18,20].

The fast destruction of aromatic intermediates was

confirmed by determining their concentration during the

degradation of a 157 mg l�1 paracetamol solution of pH 3.0

by reversed-phase chromatography. For all methods, these

chromatograms only exhibited two peaks related to hydro-

quinone and p-benzoquinone, which were unequivocally

identified by comparing their retention times (given in

Table 2) and UV–vis spectra with those of pure compounds,

measured on the photodiode array detector. The evolution of

such aromatics is presented in Fig. 8(a) and (b), respectively. A

rapid formation and destruction of both products can be

observed in all cases, always disappearing in less than 7 min, a

similar time to that required to remove the initial drug (see

Fig. 6). Fig. 8(a) shows that the maximum concentration of

hydroquinone decreases with the applied system in the order

O3 > O3/UVA >O3/Fe2+/UVA �O3/Fe2+ + Cu2+/UVA, as

expected if it reacts more quickly with �OH than with the

other oxidants (O3 and/or H2O2 induced by UVA light).

However, the opposite trend can be seen in Fig. 8(b) for the

maximum concentration of its derivative p-benzoquinone,

which is accumulated in larger extent and for longer time using

the O3/Fe2+ + Cu2+/UVA method. This anomalous behavior

suggests the oxidation of paracetamol to hydroquinone, 2-

hydroxy-4-(N-acetyl)aminophenol and other undetected aro-

M. Skoumal et al. / Applied Catalysis B: Environmental 66 (2006) 228–240 235

Fig. 6. Paracetamol concentration decay for a 157 mg l�1 drug solution under

the conditions given in Fig. 1. Applied method: (*) O3; (*) O3/UVA; (&)

O3 + 1.0 mM Fe2+ + UVA; (~) O3 + 1.0 mM Fe2+ + 0.25 mM Cu2+ + UVA.

The panel inset presents the corresponding kinetic analysis assuming a pseudo-

first-order reaction for paracetamol.

Fig. 7. Destruction of paracetamol concentration with time using the

O3 + 1.0 mM Fe2+ + 0.25 mM Cu2+ + UVA system under the same conditions

as in Fig. 5(c). Initial drug concentration: (*) 629 mg l�1; (&) 315 mg l�1;

(~) 157 mg l�1. The corresponding kinetics analysis considering a pseudo-

first-order reaction for paracetamol is shown in the panel inset.
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matics in different relative proportion depending on the

oxidants present in the medium. Thus, �OH produced in the

systems catalyzed with Fe2+ favors the formation of both, 2-

hydroxy-4-(N-acetyl)aminophenol and hydroquinone, also

accelerating their oxidation and hence, giving greater amount

of p-benzoquinone that is more slowly degraded (see Fig. 8(b)).

Generation of short carboxylic acids is expected from the

oxidative breaking of the aryl moiety of aromatic products

[20,30,31,33,35]. Glycolic, glyoxylic, tartronic, ketomalonic,

maleic and oxalic acids were identified in the early stages of the

different treatments by GC–MS (see Table 2). Glyoxylic and

ketomalonic acids proceed from the oxidation of glycolic [33]

and tartronic [20] acids, respectively. The independent

degradation of glyoxylic, ketomalonic and maleic acids yields

oxalic acid [20,31,33].

The evolution of short carboxylic acids during the treatment

of a 157 mg l�1 drug solution of pH 3.0 by all tested methods

was followed by ion-exclusion chromatography. These

chromatograms do not exhibit peaks corresponding to glycolic,

glyoxylic, tartronic and ketomalonic acids, because they are

quickly destroyed in all cases. Maleic acid with concentration

<0.1 mg l�1 was detected only for the first 30 min of direct

ozonation, indicating that it is also rapidly oxidized to oxalic

acid. Ion-exclusion chromatograms of the above treated

solutions displayed two well-defined peaks related to oxalic

and oxamic acids as ultimate carboxylic acids. Oxamic acid can

be produced from the degradation of 2-hydroxy-4-(N-acet-

yl)aminophenol [18], although it could also be formed from the

oxidation of acetamide. This possibility was tested by treating a

60 mg l�1 acetamide solution of pH 3.0 with the different

systems, following its TOC decay and the formation of oxamic

acid by ion-exclusion chromatography. These experiments

revealed that acetamide remains stable using O3 and O3/UVA,

being converted into oxamic acid with the O3/Fe2+/UVA and

O3/Fe2+ + Cu2+/UVA methods, as expected if it is only oxidized

by �OH.

The time-course of oxalic acid concentration is depicted in

Fig. 8(c). This acid is quickly accumulated in the medium

during direct ozonation up to reach a steady concentration close

to 190 mg l�1 from 40 min. That means that it does not react

with O3 and that all precedent generated carboxylic acids are

converted into it at this time. In contrast, oxalic acid is more

rapidly formed and totally mineralized to CO2 by the catalyzed

systems. For the O3/UVA method, it attains its maximum

concentration of about 200 mg l�1 at 20–30 min and is

removed at 2 h, indicating that H2O2 induced by UVA light

is a good oxidant of this product. Fig. 8(c) also evidences a

strong acceleration of the degradation of this acid when Fe2+ is

used as catalyst, reaching ca. 90 mg l�1 at 10–15 min and

disappearing in 90–120 min. These results agree with the

formation of stable complexes of this acid with Fe3+, which are

photodecarboxylated under the action of UVA light [43]. In the

O3/Fe2+/UVA treatment, Fe3+ is generated from reactions (3)

and (4) and hence, a high proportion of Fe3+-oxalate complexes

is expected in solution. However, when the O3/Fe2+ + Cu2+/

UVA system is applied, Fe3+-oxalate and Cu2+-oxalate

M. Skoumal et al. / Applied Catalysis B: Environmental 66 (2006) 228–240236

Table 2

Products detected during direct ozonation and catalyzed ozonation processes of paracetamol at pH 3.0 at 25.0 8C under different conditions

Compound Analytical technique Retention time (min) Molecular peak,

M+a (m/e)

Hydroquinone GC–MS 24.5b; 9.6c,d 110b; (254)c,d

HPLC 3.60

Benzoquinone GC–MS 10.8b 108b

HPLC 3.31

Acetamide GC–MS 13.1b 59b

2-Hydroxy-4-(N-acetyl)

aminophenol

GC–MS 24.3d (311)d

Glycolic acid GC–MS 4.1c,e (220)c,e

Glyoxylic acid GC–MS 7.1e (308)e

Tartronic acid GC–MS 9.7e (336)e

Ketomalonic acid GC–MS 11.0e (424)e

Maleic acid GC–MS 8.7c,d,e (260)c,d,e

HPLC 8.05

Oxalic acid GC–MS 5.4c,d,e (234)c,d,e

HPLC 6.52

Oxamic acid HPLC 9.30

a Values in parenthesis are the molecular peak of the corresponding trimethylsilyl compound. GC–MS analysis was carried out after treating 628 mg l�1 drug

solutions for
b 2 min by direct ozonation.
c 2 min by direct ozonation followed by silylation.
d 2 min by the O3/Fe2+/UVA system followed by silylation.
e 10 min by direct ozonation followed by silylation.
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complexes are competitively produced, but the latter species

can only be destroyed by �OH generated from reactions (3), (4)

and (7) [35]. The slightly faster destruction of oxalic acid with

the O3/Fe2+ + Cu2+/UVA system than with the O3/Fe2+/UVA

one (see Fig. 8(c)) can then be ascribed to the slightly quicker

reaction of its Cu2+ complexes with �OH taking place in parallel

to the photodecarboxylation of its Fe3+ complexes.

A different behavior can be observed in Fig. 8(d) for the

evolution of oxamic acid. This product is slowly accumulated in

direct ozonation to attain a concentration of 16 mg l�1 at 4 h.

For the catalyzed processes, oxamic acid is produced and

destroyed with a rate that rapidly increases with increasing the

oxidizing power of the system, i.e. following the order: O3/

UVA <O3/Fe2+/UVA <O3/Fe2+ + Cu2+/UVA. Fig. 8(d) shows

the presence of 9.4, 9.2 and 4.6 mg l�1 of oxamic acid

(corresponding to 3.0, 2.9 and 1.5 mg l�1 of TOC) in solution

after 4 h of the O3/UVA, O3/Fe2+/UVA and O3/Fe2+ + Cu2+/

UVA treatments, respectively. The remaining TOC due to this
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Fig. 8. Time-course of the concentration of: (a) hydroquinone; (b) p-benzoquinone; (c) oxalic acid; (d) oxamic acid; (e) ammonium ion; (f) nitrate ion, detected

during the treatment of a 157 mg l�1 paracetamol solution of pH 3.0 at 25.0 8C by the system: (*) O3; (*) O3/UVA; (&) O3 + 1.0 mM Fe2+ + UVA; (~)

O3 + 1.0 mM Fe2+ + 0.25 mM Cu2+ + UVA.
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acid agrees with that found for the solution degraded by the first

system, but it is much lower than that determined for the

solutions treated with the other two methods (see Fig. 1(a)).

This allows concluding that at longer reaction time than 2 h (i.e.

when oxalic acid is removed) the solution degraded with O3/

UVA only contains oxamic acid, while when Fe2+ is used as

catalyst, it also contains small amount of other undetected

products that are very difficultly oxidized with �OH.

Solutions containing 50 mg l�1 of pure oxamic acid of pH

3.0 were not degraded by ozone alone or under UVA irradiation.

This brings to consider that in the O3/UVA system, UVA light

induces the oxidation of this acid with O3 and/or H2O2. On the

other hand, experiments of Fig. 2 for oxamic acid evidence that

its Fe3+ and/or Cu2+ complexes competitively formed in the O3/

Fe2+/UVA and O3/Fe2+ + Cu2+/UVA treatments are mineralized

by generated �OH. Results of Figs. 2 and 8(d) indicate the faster

destruction of Cu2+-oxamato complexes than that of Fe3+-

oxamato ones. This behavior explains the greatest oxidizing

power of the O3/Fe2+ + Cu2+/UVA system from 30 min of

treatment (see Fig. 1(a) and Table 1).

Mineralization of paracetamol is accompanied by the

conversion of its initial N into inorganic ions. To confirm this,

M. Skoumal et al. / Applied Catalysis B: Environmental 66 (2006) 228–240238

Fig. 9. General reaction sequence proposed for paracetamol mineralization in acid medium by O3 and ozonation catalyzed with Fe2+, Cu2+ and/or UVA light.
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the concentration of ammonium and nitrate ions in the above

degraded solutions was determined. Fig. 8(e) shows a rapid

accumulation of NH4
+ during the first 30 min of all treatments

due to the quick destruction of some initially generated N-

derivatives. At longer time this ion attains a practically steady

concentration for the O3 system due to the stability of the

remaining N-products such as oxamic, whereas for the

catalyzed treatments, it is progressively released because of

the gradual mineralization of such products. Similarly, NO3
� is

slowly generated using direct ozonation, but it is gradually

produced in much larger extent by the catalyzed methods, as

can be seen in Fig. 8(f). From the results of Fig. 8(e) and (f), one

can conclude that both NH4
+ and NO3

� ions are more largely

accumulated as the oxidizing power of the system increases,

mainly due to the faster mineralization of oxamic acid (see

Fig. 8(d)). At 4 h, for example, 3.1, 5.6, 6.3 and 6.6 mg l�1 of

NH4
+ and 4.1, 22.9, 31.2 and 42.0 mg l�1 of NO3

� are found in

the solutions treated by O3, O3/UVA, O3/Fe2+/UVA and O3/

Fe2+ + Cu2+/UVA, respectively. These values correspond to

the overall loss of 23, 65, 82 and ca. 100% of initial N of

paracetamol, indicating that all N-products are practically

destroyed only using O3/Fe2+ + Cu2+/UVA, the system with

higher oxidizing power. For the O3/Fe2+/UVA system, all

initial N is also transformed into NH4
+ and NO3

� if its

treatment is prolonged to 6 h. However, a quite poor

denitrogenation of 65% is found after 4 h of applying the

O3/UVA method, when the solution TOC is reduced by 96%

(see curve d of Fig. 1(a)) and 9.4 mg l�1 of oxamic acid,

corresponding to 3% of remaining TOC and 10% of initial N,

still persist in solution (see Fig. 8(d)). These findings suggest

the loss of volatile N-products during this treatment, favoring

its TOC abatement and enhancing its oxidizing power at long

reaction time.

3.5. Reaction pathways for paracetamol degradation

A general reaction sequence for the mineralization of

paracetamol in acid medium by ozone alone and ozonation

catalyzed with Fe2+, Cu2+ and/or UVA light is proposed in

Fig. 9. This path involves all intermediates detected leading to

oxalic and oxamic acids as ultimate generated carboxylic acids.

The oxidant (Ox) is O3 for direct ozonation, along with H2O2

induced by UVA (H2O2–UVA) for the O3/UVA method and
�OH for the procedures using Fe2+ as catalyst.

The process is initiated by the parallel attack of oxidants

either on the C(2)-position of paracetamol yielding 2-hydroxy-

4-(N-acetyl)aminophenol or its C(4)-position giving hydro-

quinone with release of acetamide. Further oxidation of

hydroquinone leads to p-benzoquinone. This product and 2-

hydroxy-4-(N-acetyl)aminophenol are degraded in consecutive

steps to produce a mixture of glyoxylic acid via glycolic acid,

ketomalonic acid via tartronic acid and maleic acid, which are

subsequently converted into oxalic acid. Parallel degradation of

2-hydroxy-4-(N-acetyl)aminophenol, along with oxidation of

acetamide by �OH, leads to the formation of oxamic acid.

Oxalic and oxamic acids are stable in the O3 system, but they

can be transformed into CO2 by the action of H2O2 and UVA

light in the O3/UVA system. These acids form Fe3+-oxalato and

Fe3+-oxamato complexes, respectively, in the O3/Fe2+/UVA

system. Fe3+-oxalato complexes are photodecarboxylated with

loss of Fe2+ under UVA irradiation [43], whereas Fe3+-oxamato

complexes are mineralized in parallel with �OH. When Cu2+

and Fe3+ are present in the medium using O3/Fe2+ + Cu2+/UVA,

Cu2+-oxalato and Cu2+-oxamato complexes are also competi-

tively formed, both being oxidized by �OH. NH4
+ and NO3

�

ions are produced when either oxamic acid or its complexes

with Fe3+ and/or Cu2+ are mineralized to CO2.

4. Conclusions

It has been demonstrated that acid solutions containing up to

1 g l�1 of paracetamol can be mineralized more than 83% by

ozonation catalyzed with Fe2+, Cu2+ and/or UVA light. Similar

treatment with direct ozonation yields a quite poor degradation

due to the high stability of oxalic acid and N-derivatives, as

oxamic acid, as final products. Mineralization is strongly

accelerated in the O3/UVA system since these products can be

destroyed by the combined action of H2O2 generated from

reaction (1) and UVA light. The degradation process is much

faster using O3/Fe2+/UVA by the additional production of �OH

from reactions (3), (4) and (7). Oxidation of Fe3+-oxamato

complexes formed in this method with �OH is much slower than

the parallel photodecomposition of Fe3+-oxalato complexes

with UVA light. The highest oxidizing power is achieved with

the O3/Fe2+ + Cu2+/UVA system, where Cu2+-oxalato and

Cu2+-oxamato complexes are competitively generated and

more rapidly destroyed with �OH than the corresponding Fe3+

complexes. For all catalyzed methods, increasing drug

concentration causes an enhancement of the initial mineraliza-

tion rate and generally, a drop of the percent of TOC removal.

The optimum pH for the methods with catalytic Fe2+ is 3.0,

similar to that of Fenton’s reaction (4), which is the main source

of �OH. The paracetamol decay always follows a pseudo-first-

order reaction with slightly higher rate constant for catalyzed

systems than direct ozonation. From GC–MS and HPLC

analyses of treated solutions, hydroquinone, p-benzoquinone

and 2-hydroxy-4-(N-acetyl)aminophenol are identified as main

aromatic products. The formation of hydroquinone is accom-

panied by the loss of acetamide, which is oxidized to oxamic

acid by �OH. Further degradation of the above aromatics leads

to short carboxylic acids as glycolic, glyoxylic, tartronic,

ketomalonic, maleic, oxalic and oxamic. Ion-exclusion

chromatography reveals that oxamic acid is the most persistent

final product. NH4
+ and NO3

� ions are released to the medium

during the mineralization process.
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[43] Y. Zuo, J. Hoigné, Environ. Sci. Technol. 26 (1992) 1014–1022.
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Abstract

Electrochemical advanced oxidation processes (EAOPs) are environmentally friendly methods based on the destruction of organic
pollutants in wastewaters with in situ electrogenerated hydroxyl radical. This species is formed in anodic oxidation (AO) from water oxi-
dation at the anode and in indirect electro-oxidation methods like electro-Fenton (EF) and photoelectro-Fenton (PEF) also from reac-
tion between catalytic Fe2+ and H2O2 continuously produced at the O2-diffusion cathode. The PEF method involves the irradiation of
the treated solution with UVA light to enhance the photolysis of organics including Fe(III) complexes. In this work, the oxidation power
of such EAOPs to decontaminate synthetic wastewaters of the biocide chloroxylenol (4-chloro-3,5-dimethylphenol) at pH 3.0 is compar-
atively examined with an undivided electrolytic cell containing a Pt or boron-doped diamond (BDD) anode and a stainless steel or O2-
diffusion cathode. The initial chlorine is released as Cl� ion, which remains stable in the medium using Pt or is oxidized to Cl2 on BDD.
The biocide solutions can be completely decontaminated using AO with a BDD anode, as well as PEF with a Pt or BDD anode. The PEF
procedure with a BDD anode is the most powerful method leading to total mineralization in about 300 min, practically independent of
current density. When current density rises, the degradation rate of processes increases, but they become less efficient due to the larger
enhancement of waste reactions of oxidants. Chloroxylenol is much more rapidly removed in EF and PEF than in AO. 2,6-dimethylhy-
droquinone, 2,6-dimethyl-p-benzoquinone and 3,5-dimethyl-2-hydroxy-p-benzoquinone are identified as aromatic by-products, and
maleic, malonic, pyruvic, acetic and oxalic acids are found as generated carboxylic acids. A general pathway for chloroxylenol miner-
alization by all EAOPs including the above by-products is proposed.
� 2008 Elsevier Ltd. All rights reserved.

Keywords: Chloroxylenol; Anodic oxidation; Electro-Fenton; Photoelectro-Fenton; Boron-doped diamond; Water treatment

1. Introduction

An increasing number of papers have been recently pub-
lished dealing with the destruction of persistent organic
pollutants (POPs) in wastewaters by means of electrochem-
ical methods (Panizza and Cerisola, 2007). Among them,
electrochemical advanced oxidation processes (EAOPs)
like anodic oxidation and indirect electro-oxidation meth-
ods based on H2O2 electrogeneration are very attractive

for wastewater decontamination due to their low cost
and high effectiveness for POP removal, without needing
addition of toxic chemical reagents and without producing
dangerous wastes. These environmentally friendly tech-
niques are based on the in situ generation of hydroxyl rad-
ical (�OH), which is the second strongest oxidant known,
after fluorine. This radical has a very high standard poten-
tial (E�(�OH/H2O) = 2.80 V vs. NHE), making it possible
its non-selective reaction with organics giving hydroxylated
or dehydrogenated derivatives until complete mineraliza-
tion, that is, total conversion into CO2, water and inor-
ganic ions.

0045-6535/$ - see front matter � 2008 Elsevier Ltd. All rights reserved.

doi:10.1016/j.chemosphere.2007.12.029
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Anodic oxidation (AO) is the most popular EAOP. In
this method, organics are degraded by adsorbed hydroxyl
radical (M(�OH)) formed as intermediate from water oxi-
dation at the surface of a high O2-overvoltage anode (M)
(Marselli et al., 2003; Panizza and Cerisola, 2005):

MþH2O!Mð�OHÞ þHþ þ e� ð1Þ

The oxidizing power of AO then depends on the ability
of the anode to produce reactive M(�OH) from reaction (1).
Thus, a conventional anode as Pt usually yields poor
decontamination of aromatics in waters because it gener-
ates such a small quantity of Pt(�OH) that is unable to
remove their final by-products like carboxylic acids (Boye
et al., 2003; Brillas et al., 2003a). Recently, it has been
found that a boron-doped diamond (BDD) thin-film elec-
trode is preferable for AO than other usual anodes due
to its greater oxidizing power. This is feasible since BDD
exhibits a much higher O2-overvoltage that favors the for-
mation of enough amount of BDD(�OH) to totally miner-
alize most organics in aqueous medium (Kraft et al., 2003;
Marselli et al., 2003; Cañizares et al., 2005; Brillas et al.,
2005; Panizza and Cerisola, 2005; Panizza and Cerisola,
2007).

Indirect electro-oxidation methods with H2O2 electro-
generation are performed in an electrolytic cell where this
product is continuously supplied to the contaminated solu-
tion from the two-electron reduction of injected O2 gas
mainly using a carbon-felt (Oturan et al., 1999; Oturan
et al., 2000; Oturan and Oturan, 2005; Hanna et al.,
2005; Irmak et al., 2006; Diagne et al., 2007) or a car-
bon–polytetrafluoroethylene (PTFE) O2-diffusion (Boye
et al., 2003; Brillas et al., 2004; Flox et al., 2006; Sirés
et al., 2007a) cathode:

O2ðgÞ þ 2Hþ þ 2e� ! H2O2 ð2Þ

In acid medium the oxidizing power of electrogenerated
H2O2 is strongly enhanced using the electro-Fenton (EF)
method in which a small amount of Fe2+ is added as cata-
lyst to the contaminated solution to produce �OH and Fe3+

from Fenton’s reaction (Sun and Pignatello, 1993):

Fe2þ þH2O2 ! Fe3þþ�OHþOH� ð3Þ

Reaction (3) is propagated from Fe2+ regeneration that
takes place mainly by reduction of Fe3+ at the cathode
(Oturan, 2000). The effectiveness of the EF process using
a carbon-felt cathode has been proven from the treatment
of several toxic aromatics like phenols (Oturan et al., 2000;
Hanna et al., 2005; Irmak et al., 2006) herbicides (Oturan
et al., 1999; Oturan and Oturan, 2005; Oturan, 2000; Dia-
gne et al., 2007), dyes (Guivarch et al., 2003) and antimi-
crobials (Sirés et al., 2007b; Sirés et al., 2007c). Our
group has explored the behavior of EF using an undivided
cell with a Pt or BDD anode and a carbon–PTFE cathode
and found that pollutants are destroyed by Pt(�OH) or
BDD(�OH) produced from reaction (1) and by �OH formed
in the medium from Fenton’s reaction (3) (Boye et al.,

2003; Brillas et al., 2003a; Brillas et al., 2003b; Brillas
et al., 2004; Flox et al., 2006; Sirés et al., 2006; Sirés
et al., 2007a).

We have also proposed the use of another EAOP so-
called photoelectro-Fenton (PEF) in which the solution
treated under EF conditions is simultaneously irradiated
with UVA light to accelerate: (i) the photodecarboxylation
of complexes of Fe(III) with generated carboxylic acids, as
shown, for example, in reaction (4) for oxalic acid (Zuo
and Hoigné, 1992), and (ii) the production of a greater
amount of �OH from photoreduction of Fe(OH)2+, which
is the predominant Fe3+ species in acid medium (Sun and
Pignatello, 1993), from reaction (5):

2FeðC2O4Þð3�2nÞ
n þ hm! 2Fe2þ þ ð2n� 1ÞC2O2�

4 þ 2CO2

ð4Þ
FeðOHÞ2þ þ hm! Fe2þ þ �OH ð5Þ

Aromatics yield oxalic acid as ultimate product and hence,
the fast photolysis of Fe(III)–oxalate complexes
(Fe(C2O4)+, FeðC2O4Þ�2 and FeðC2O4Þ3�3 ) via reaction
(4) favors the decontamination process (Brillas et al.,
2004; Irmak et al., 2006; Sirés et al., 2006; Sirés et al.,
2007a).

In the last years the presence of an increasing number of
pharmaceuticals in ground waters, surface waters and even
in drinking waters at concentration up to lg l�1 has been
documented (Daughton and Jones-Lepp, 2001; Heberer,
2002; Andreozzi et al., 2003; Loraine and Pettigrove,
2006). This pollution can be originated from production
sites, direct disposal of overplus drugs in households, excre-
tion after drug administration to humans and animals,
treatments throughout the water in fish and other animal
farms and inadequate treatment of manufacturing waste.
Although the possible interactions of very low contents
of pharmaceuticals with living beings in the environment
are not well-known, several works evidence that some
drugs can affect the endocrine system of fishes, can exert
toxic effects on algae and invertebrates and can favor the
development of multi-resistant strains of microorganisms
(Balcioğlu and Ötker, 2003). To avoid the potential dan-
gerous health effects of these pollutants on humans and
animals, powerful oxidation methods are needed to be
developed for the removal of pharmaceuticals and their
metabolites from wastewaters. In this way, we have
recently reported that EAOPs can be very useful techniques
to efficiently degrade acidic solutions of the analgesic par-
acetamol (Sirés et al., 2006), the metabolite clofibric acid
(Sirés et al., 2007a) and the antimicrobials chlorophene
(Sirés et al., 2007b) and triclosan and triclocarban (Sirés
et al., 2007c).

To gain a better insight into a possible general applica-
tion of EAOPs to the decontamination of wastewaters con-
taining pharmaceuticals, we present here a study on the
comparative treatment of acidic synthetic wastewaters of
chloroxylenol (4-chloro-3,5-dimethylphenol) by AO, EF
and PEF using both Pt and BDD anodes. Aromatic
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intermediates were also detected by gas chromatography–
mass spectrometry (GC–MS) and chloroxylenol decay
and the evolution of its by-products were followed by chro-
matographic techniques. Chloroxylenol is a well-known
biocide, widely used in the industry, for example, to pre-
vent bacterial overgrowth in cutting fluids, as well as in
pharmaceutical preparations for skin infections, cosmetics,
hair conditioners, deodorants and soaps (Lear et al., 2006).
It has been detected up to 0.6 mg l�1 in US and European
estuaries and rivers (Thomas et al., 1999; Loraine and Pet-
tigrove, 2006). A previous oxidation study on this biocide
only reported the fast loss of Cl� ion during sonochemical
treatment (Goskonda et al., 2002).

2. Experimental

2.1. Chemicals

Chloroxylenol and 2,6-dimethyl-p-benzoquinone were
reagent grade purchased from Aldrich. Malonic, maleic,
pyruvic, acetic and oxalic acids were analytical grade sup-
plied by Aldrich, Panreac and Merck. Anhydrous sodium
sulfate used as background electrolyte and heptahydrated
ferrous sulfate employed as catalyst were analytical grade
from Merck and Fluka, respectively. Solutions were pre-
pared with ultra-pure water obtained from a Milli-Q sys-
tem, with resistivity >18 MX cm at 25 �C. The initial
solution pH was adjusted to pH 3.0 with analytical grade
sulfuric acid purchased from Merck. Organic solvents
and other chemicals used were either HPLC or analytical
grade from Alfa Aesar, Panreac, Probus and Lancaster.

2.2. Instruments and analytical procedures

Galvanostatic electrolyses were controlled with an
EG&G 363 potentiostat–galvanostat, coupled with a Hew-
lett–Packard 34401A multimeter for the direct measure-
ment of cell voltage. The solution pH was measured with
a Crison 506 pH-meter. Before analysis, samples with-
drawn from electrolyzed solutions were filtered with
0.45 lm PTFE filters purchased from Whatman.

The mineralization of chloroxylenol solutions was mon-
itored from the decay of their total organic carbon (TOC),
which was determined on a Shimadzu VCSN TOC ana-
lyzer. Reproducible TOC values were obtained by injecting
50 ll aliquots into the TOC analyzer using the non-purge-
able organic carbon method. The mineralization current
efficiency (MCE, in %) of treated solutions at a given time
t (h) was then calculated as follows:

MCE ¼
nFV sDðTOCÞexp

4:32� 107mIt
� 100 ð6Þ

where n is the number of electrons consumed in the miner-
alization reaction of chloroxylenol, F is the Faraday con-
stant (=96 487 C mol�1), Vs is the solution volume (l), D
(TOC)exp is the experimental TOC decay (mg l�1),
4.32 � 107 is a conversion factor (=3600 s h�1 � 12000 mg

of C mol�1), m is the number of carbon atoms in a chlorox-
ylenol molecule (=8) and I is the applied current (A).

Aromatic by-products were identified from the electrol-
ysis of 100 ml of a 100 mg l�1 chloroxylenol solution of pH
3.0 by electro-Fenton with a Pt anode and 1.0 mM Fe2+ as
catalyst at 33 mA cm�2 and 25.0 �C for 5 min. The result-
ing organics were extracted with 3 � 15 ml of CH2Cl2
and further, the collected organic solution was dried with
anhydrous Na2SO4, filtered and rotavaporated to about
2 ml. The remaining products were then separated and ana-
lyzed by GC–MS, using a Fisons GC8060 gas chroma-
tograph fitted with an Innowax 0.25 lm column
(30 m � 0.25 mm (i. d.)) and coupled with a Thermo Finn-
igan MD800 mass spectrophotometer operating in EI
mode at 70 eV and 300 �C. The same procedure was further
followed for another biocide solution treated under the
above EF conditions, but the CH2Cl2 solution was evapo-
rated to dryness. The remaining solid was then dissolved in
100 ll of N,O-bis(trimetylsilyl)acetamide and 1 ml ethyl
acetate under heating at 60 �C for 10 min. The resulting
silylated by-products were analyzed by the above GC–
MS system using a VF-5MS 0.25 lm column (30 m �
0.25 mm (i.d.)) with a temperature ramp of 80 �C for
1 min, 7 �C min�1 up to 150 �C, hold time 5 min, 7 �C
min�1 up to 200 �C and hold time 5 min.

The chloroxylenol decay and the evolution of its by-
product 2,6-dimethyl-p-benzoquinone were followed by
reversed-phase HPLC chromatography using a Shimadzu
10Avp high-performance liquid chromatograph fitted with
a Thermo ODS hypersil 5 lm column (150 mm � 3 mm
(i.d.)) at room temperature and coupled with a Shimadzu
SPD-M10Avp diode array detector, which was selected to
the maximum wavelength of the UV-absorption peak of
each compound. These analyses were carried out by inject-
ing 20-ll samples into the chromatograph under circula-
tion of a 50:50 (v/v) acetonitrile/0.015 M ammonium
dihydrogenphosphate buffer (pH 3.0) mixture as mobile
phase at 1.0 ml min�1. Under these conditions, the chlo-
roxylenol peak was quantified at retention time (tr) of
2.25 min and k = 220 nm, whereas the 2,6-dimethyl-p-
benzoquinone peak was analyzed at tr = 1.43 min and
k = 254 nm. The identification and quantification of gener-
ated carboxylic acids was made by ion-exclusion chroma-
tography with the above HPLC chromatograph fitted
with a Biorad Aminex HPX 87H column (300 mm �
7.8 mm (i.d.)) at 35 �C. For these measurements, 20-ll ali-
quots were analyzed, the photodiode detector was selected
at k = 210 nm and the mobile phase was 4 mM H2SO4 at
0.6 ml min�1. The concentration of Cl� ion released during
treatments was determined by ion chromatography using
the same HPLC chromatograph fitted with a Shim-Pack
IC-A1S anion column (100 mm � 4.6 mm (i.d.)) and a
Shim-Pack IC-GA1S guard column (10 mm � 4.6 mm
(i.d.)) at 40 �C and coupled with a Shimadzu CDD
10Avp conductivity detector. A 2.4 mM tris(hydroxy-
methyl)aminomethane and 2.5 mM phtalic acid solution
of pH 4.0 at 1.5 ml min�1 was employed as mobile phase
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and ion chromatograms displayed the Cl� peak at
tr = 3.45 min.

2.3. Electrolytic systems

All electrolyses were performed with an open, undivided
and thermostated cylindrical glass cell. AO degradations
were carried out using either a 3 cm2 Pt sheet of 99.99%
purity from SEMPSA (AO–Pt method) or a BDD thin-film
deposited on a conductive Si sheet from CSEM (AO–BDD
method) as anode and a 3 cm2 stainless steel (AISI 304) as
cathode. EF and PEF treatments were made with the
above Pt (EF–Pt and PEF–Pt methods) or BDD (EF–
BDD and PEF–BDD methods) anode and a 3 cm2 car-
bon–PTFE electrode from E-TEK as cathode, which was
fed with pure O2 at 20 ml min�1 for H2O2 electrogeneration
from reaction (2). The preparation of the O2-diffusion cath-
ode is described elsewhere (Boye et al., 2003). PEF trials
became operative when the solution was irradiated with a
Philips 6 W fluorescent black light blue tube placed at
7 cm above it. This tube emitted UVA light between 300
and 420 nm, with kmax = 360 nm, supplying a photoioniza-
tion energy input to the solution of 140 lW cm�2, detected
with a NRC 820 laser power meter.

The degradation of 100 ml of solutions with 100 mg l�1

of chloroxylenol (corresponding to 61.5 mg l�1 TOC) and
0.05 M Na2SO4 of pH 3.0 was done by the above EAOPs
at constant current density (j) of 33, 100 and 150 mA cm�2.
Under these conditions, the corresponding average cell
voltages were 4.5, 7.2 and 9.5 V for AO–Pt, 7.6, 14.2 and
18.3 V for AO–BDD, 5.8, 12.4 and 17.1 V for EF–Pt and
PEF–Pt, and 10.4, 17.2 and 21.0 V for EF–BDD and
PEF–BDD. The pH value of 3.0 was chosen since it is close
to the optimum pH 2.8 for Fenton’s reaction (3) (Sun and
Pignatello, 1993). For the EF and PEF trials, a Fe2+

concentration between 0.2 and 5.0 mM Fe2+ was added
to the solution, since these catalyst contents were very
effective for similar treatments of other aromatics
(Flox et al., 2006; Sirés et al., 2006; Sirés et al., 2007a).
All experiments were carried out at 25.0 �C under vigorous
stirring of the solution with a magnetic bar to ensure its
homogenization and the transport of reactants towards
the anode.

3. Results and discussion

3.1. TOC removal by EAOPs

The oxidation power of EAOPs for chloroxylenol degra-
dation was comparatively determined from the treatment
of 100 mg l�1 of the biocide at pH 3.0, 33 mA cm�2 and
25.0 �C for 6 h. The EF and PEF treatments were made
with 1.0 mM Fe2+ as metallic ion catalyst. In all these trials
the solution pH dropped slightly to a final value near 2.8,
as expected if strong short-chain carboxylic acids are gen-
erated as final by-products (Brillas et al., 2005; Sirés
et al., 2007a). It was also observed that all initial colorless

solutions attained rapidly a clear-yellow color, which was
more intense in EF and PEF than in AO. The yellowish
solutions became colorless again after 90–120 min of elec-
trolysis by the indirect electro-oxidation methods, whereas
in the AO treatments they were almost decolorized in 6 h.
The coloration acquired for all treated solutions can be
associated with the accumulation of highly conjugated aro-
matic by-products (probably with benzoquinonic struc-
tures) that are more quickly produced and destroyed in
EF and PEF. Under these conditions, the rapid loss in
solution color is indicative of a quick removal of all
aromatics.

Fig. 1a presents the TOC decay with specific charge (Q,
in Ah l�1) found for the above trials using AO–Pt (curve a),
AO–BDD (curve c), EF–Pt (curve b), EF–BDD (curve d),
PEF–Pt (curve e) and PEF–BDD (curve f). A change in
the relative oxidation power of these techniques with
increasing Q can be observed. At the beginning of electrol-
yses this parameter increases in the order AO–Pt < AO–
BDD < EF–Pt 6 EF–BDD < PEF–Pt < PEF–BDD, but
for Q > 1.5 Ah l�1 (90 min), both EF–Pt and EF–BDD
treatments gradually lose oxidation ability, while the
AO–BDD method becomes more potent than them. This
behavior can be explained by the more rapid destruction
of final carboxylic acids by the latter method, as will be dis-
cussed below.

As can be seen in Fig. 1a, AO–Pt is the less potent
method for chloroxylenol degradation, only allowing 31%
mineralization after 6 h of electrolysis (curve a). This trend
is indicative of low production of Pt(�OH) from reaction (1)
with ability to convert the organic pollutants into CO2. A
very different behavior can be observed for AO–BDD,
which yields 93% of TOC reduction at the same time (curve
c of Fig. 1a). That means that all contaminants can be
destroyed by BDD(�OH), which is then produced in greater
amount than Pt(�OH) due to the much higher O2-overpo-
tential of BDD (Panizza and Cerisola, 2005). This is evi-
denced from the increase in average cell voltage from 4.5
for AO–Pt to 7.6 V for AO–BDD measured at
33 mA cm�2.

When the indirect electro-oxidation methods are uti-
lized, a strong effect of the anode on the oxidation power
of electro-Fenton degradations also takes place. Fig. 1a
shows a similar TOC abatement for EF–Pt (curve b) and
EF–BDD (curve d) until 1.0 Ah l�1 (60 min), which is
much faster than for AO treatments because organics are
more quickly destroyed with �OH produced from reactions
(3) and/or (5) than with Pt(�OH) or BDD(�OH). At higher
Q values, however, the degradation rate for EF–Pt and
EF–BDD undergoes a gradual inhibition to attain 58%
and 82% of mineralization, respectively, at the end of elec-
trolysis. The greater decontamination reached in the EF–
BDD process can be explained by the quicker destruction
of complexes between Fe(III) and final carboxylic acids
with BDD(�OH) than with Pt(�OH), without significant
participation of �OH. This confirms the higher oxidation
ability of BDD in comparison to Pt, in agreement with
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the fall in average cell voltage from 10.4 to 5.8 V when the
first anode is replaced by the second one under electro-
Fenton conditions. The fact that AO–BDD becomes more
potent than EF–BDD at long electrolysis time (see curves c

and d) suggests that BDD(�OH) is able to oxidize more
quickly the final carboxylic acids than their Fe(III)
complexes.

The influence of the anode on the degradation rate of
chloroxylenol is less apparent in the PEF treatments.
Curves e and f of Fig. 1a show a rapid TOC reduction in
PEF–BDD, being the solution totally decontaminated

(>96% TOC removal) at ca. 5 Ah l�1 (5 h), whereas the
process is slightly slower in PEF–Pt giving 91% mineraliza-
tion in 6 h. The higher oxidation power of both PEF meth-
ods than the corresponding EF ones can be associated with
the parallel faster photolysis of complexes of Fe(III) with
final carboxylic acids to CO2 under UVA irradiation
(Zuo and Hoigné, 1992).

The above findings evidence that the combination of a
BDD anode, H2O2 electrogeneration and Fe2+ and UVA
light as catalysts allows the best performance to completely
mineralize chloroxylenol in wastewaters by means of PEF–
BDD. Other EAOPs like AO–BDD and PEF–Pt can also
be useful methods, although they needed longer time for
achieving total decontamination.

3.2. Time-course of chloride ion released and mineralization

current efficiency

Oxidation of chloroaromatics with hydroxyl radical
leads to the loss of chlorine in the form of chloride ion
(Boye et al., 2003; Brillas et al., 2003a; Brillas et al.,
2003b; Kraft et al., 2003; Sirés et al., 2007a). Dechlorina-
tion of chloroxylenol from EAOPs was confirmed by deter-
mining the concentration of Cl� in solution by ion
chromatography. Results obtained for trials depicted in
Fig. 1a are reported in Fig. 1b. Two different behaviors
can be observed as function of the anode used. For Pt,
the initial chlorine (22.6 mg l�1) can be released as Cl� that
remains stable in the medium. The loss of this ion is very
slow in AO–Pt, so that the electrolyzed solution finally con-
tains 21.4 mg l�1 of Cl� (95% of initial chlorine) because
chlorocompounds are slowly destroyed by the small quan-
tity of Pt(�OH) formed. In contrast, the use of EF–Pt and
PEF–Pt yields a rapid conversion of all initial chlorine into
Cl� in approximately 1.0 Ah l�1 (60 min), indicating that
all chloro-organics are quickly dechlorinated by the greater
amounts of �OH generated from reactions (3) and/or (5).
Fig. 1b also shows a large instability of chloride ion in all
EAOPs using a BDD anode. A maximum Cl� content of
about 3 mg l�1 is reached in AO–BDD, whereas in both
EF–BDD and PEF–BDD treatments this ion is accumu-
lated until 18–20 mg l�1 in 0.5 Ah l�1 (30 min) and further
progressively destroyed to about 9 mg l�1 in 6 h. The latter
trend evidences the oxidation of Cl� at the BDD anode
because all chlorocompounds undergo a rapid loss of this
ion under the action of �OH, as stated above. The low accu-
mulation of Cl� in AO–BDD indicates that it is oxidized
while being formed from the slow reaction of chloro-organ-
ics with BDD(�OH). Under these conditions, no peaks
related to other chloro-oxygen ions as chlorate and per-
chlorate were detected in ion chromatograms, as expected
if Cl� is only oxidized to Cl2 on BDD (Kraft et al., 2003).

The above results confirm that the mineralization reac-
tion of the biocide involves its transformation into CO2

and Cl�, as primary inorganic ion, which can be expressed
as follows:
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Fig. 1. (a) TOC decay, (b) concentration of chloride ion released, and (c)
mineralization current efficiency determined from Eq. (6) vs. specific
charge for the degradation of 100 ml of 100 mg l�1 chloroxylenol solutions
in 0.05 M Na2SO4 of pH 3.0 at 33 mA cm�2 and 25.0 �C. Method: (a, s)
anodic oxidation with a 3 cm2 Pt anode and a 3 cm2 stainless steel (AISI
304) cathode (AO–Pt); (b, h) electro-Fenton with a Pt anode, a 3 cm2

O2-diffusion cathode and 1.0 mM Fe2+ (EF–Pt); (c, d) anodic oxidation
with a 3 cm2 BDD anode and a stainless steel cathode (AO–BDD); (d, j)
electro-Fenton with BDD and 1.0 mM Fe2+ (EF–BDD); (e, M)
photoelectro-Fenton with Pt and 1.0 mM Fe2+ under irradiation with a
6 W UVA light of kmax = 360 nm (PEF–Pt); and (f, N) photoelectro-
Fenton with BDD, 1.0 mM Fe2+ and UVA light (PEF–BDD).

1722 M. Skoumal et al. / Chemosphere 71 (2008) 1718–1729



9 PAPERS FROM THIS THESIS / ARTICLES DERIVATS D’AQUESTA TESI

228

C8H9ClOþ 15H2O! 8CO2 þ Cl� þ 39Hþ þ 38e� ð7Þ

Accordingly, an n-value of 38 was taken from reaction (7)
to calculate the mineralization current efficiency for de-
graded solutions from Eq. (6). The MCE-Q plots thus ob-
tained for the treatments reported in Fig. 1a are presented
in Fig. 1c. As can be seen, the efficiency increases at the
beginning of most processes up to 0.67–1.0 Ah l�1 (40–
60 min), except for AO–Pt. This leads to consider the initial
formation of by-products that are easily mineralized with
BDD(�OH) and/or �OH. At higher Q the MCE value for
these procedures decays progressively due to the produc-
tion of species like short-linear carboxylic acids that are
more difficultly destroyed with such oxidants. As a conse-
quence of this change in the oxidation ability of by-prod-
ucts, the most powerful PEF–BDD method only attains a
maximum efficiency close to 31%, slightly higher than
28% for PEF–Pt, 24% for EF–BDD and 23% for EF–Pt,
but much higher than 17% for AO–BDD. This behavior
corroborates that �OH formed from reactions (3) and/or
(5) is the main oxidizing agent at the beginning of all indi-
rect electro-oxidation treatments. When electrolysis is pro-
longed, the PEF methods become much more efficient than
the EF ones because complexes of Fe(III) with final car-
boxylic acids, which are hardly oxidized with BDD(�OH)
and �OH, can be rapidly photodecomposed under the ac-
tion of UVA light. Fig. 1c also shows a much slow fall in
efficiency for AO–BDD since initial aromatic by-products
and final carboxylic acids are destroyed at quite similar rate
with BDD(�OH). On the contrary, the initial MCE for AO–
Pt is much smaller due the lower degradation ability of
Pt(�OH). At Q > 0.67 Ah l�l the efficiency of this method
falls slightly from 5.0% to 3.5%, suggesting a constant
destruction rate of pollutants with Pt(�OH).

3.3. Effect of current density and Fe2+ content on EAOPs

The influence of current density on the degradation rate
and efficiency of EAOPs was further examined by treating
the above solutions with 100 mg l�1 of chloroxylenol of pH
3.0 by the powerful methods of AO–BDD and PEF–BDD
at 33, 100 and 150 mA cm�2. As can be seen in Fig. 2a for
AO–BDD, the increase in current density gradually yields
more TOC removal, thus attaining total mineralization
(>96% TOC reduction) at shorter time. This enhancement
in oxidation power is more apparent from 33 to
100 mA cm�2, suggesting that the process becomes almost
kinetically limited by the quantity of reactive BDD(�OH)
generated at ca. 100 mA cm�2. However, it is found that
at a given electrolysis time higher specific charge is spent
as j rises making the degradation process more inefficient.
For example, at 180 min greater percentages of TOC of
64%, 76% and 83% are removed at increasing j of 33, 100
and 150 mA cm�2, but needing higher consumptions of
3.0, 9.0 and 13.5 Ah l�1 and decreasing MCE values of
14%, 5.5% and 4.0%. According to this trend, overall min-
eralization is achieved at increasing Q values of 8.0, 18.0

and 22.5 Ah l�1 for shorter times of 480, 360 and
300 min. This apparent contradictory behavior can be
explained if higher j causes the production of larger
amount of BDD(�OH) favoring the removal of organics
with time, but consuming greater specific charge because
this oxidant is generated in less relative extent due to the
quicker acceleration of its non-oxidizing reactions like its
oxidation to O2 and recombination into H2O2 via reactions
(8) and (9), respectively. In addition, the relative produc-
tion of BDD(�OH) can also be diminished by the faster gen-
eration of weaker oxidants such as S2O2�
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Fig. 2. Influence of experimental parameters on TOC removal for the
degradation of 100 ml of 100 mg l�1 chloroxylenol solutions in 0.05 M
Na2SO4 of pH 3.0 at 25.0 �C by several methods. In plot (a), AO–BDD at
(d) 33 mA cm�2; (e) 100 mA cm�2; and (O) 150 mA cm�2. In plot (b),
PEF–BDD with 1.0 mM Fe2+ at (N) 33 mA cm�2; (e) 100 mA cm�2; and
(O) 150 mA cm�2. In plot (c), PEF–BDD with Fe2+ concentration: (s)
0.2 mM, (h) 0.5 mM; (N) 1.0 mM; (e) 2.0 mM; and (O) 5.0 mM at
33 mA cm�2.
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(10) and O3 from reaction (11) at the BDD anode (Panizza
and Cerisola, 2005; Panizza and Cerisola, 2007):

2BDDð�OHÞ ! 2BDDþO2ðgÞ þ 2Hþ þ 2e� ð8Þ
2BDDð�OHÞ ! 2BDDþH2O2 ð9Þ
2HSO�4 ! S2O2�

8 þ 2Hþ þ 2e� ð10Þ
3H2O! O3ðgÞ þ 6Hþ þ 6e� ð11Þ

The little enhancement of TOC removal from 100 to
150 mA cm�2 (see Fig. 2a) can then be associated with
the limitation of the degradation rate of organic pollutants
by their mass transport to the anode giving rise to a quick
loss of reactive BDD(�OH) by acceleration of reactions
(8)–(11).

A different behavior can be seen in Fig. 2b for the PEF–
BDD treatment. In this case the rise from 33 to
100 mA cm�2 only favors the TOC removal up to
180 min, while the same TOC-time plots are obtained for
both current densities of 100 and 150 mA cm�2. Total min-
eralization is always reached at 300 min, thus consuming
increasing Q from 5.0 to 22.5 Ah l�1. The higher degrada-
tion rate at 100 mA cm�2 up to 180 min can then be related
to the production of a greater amount of the main oxidant
�OH via Fenton’s reaction (3) due to the greater H2O2 gen-
eration at the O2-diffusion cathode from reaction (2) (Sirés
et al., 2007a). The further loss in efficiency at 150 mA cm�2

can be explained by the higher increase in rate of non-oxi-
dizing reactions of �OH in the medium, mainly involving
oxidation of Fe2+ to Fe3+ and of H2O2 to the weaker oxi-
dant hydroperoxyl radical HO�2 (Sun and Pignatello, 1993)
as follows:

Fe2þþ �OH! Fe3þ þOH� ð12Þ
H2O2þ �OH! HO�2 þH2O ð13Þ

The fact that after 180 min of electrolysis the TOC abate-
ment is independent of current density (see Fig. 2b) sug-
gests the control of the mineralization of final carboxylic
acids to CO2 by photolysis of their Fe(III) complexes.

The possible influence of Fe2+ concentration from 0.2 to
5.0 mM as catalyst in the PEF–BDD method was also
investigated. The TOC-time plots obtained for the treat-
ment of 100 mg l�1 of chloroxylenol at pH 3.0 and
33 mA cm�2 are shown in Fig. 2c. A quite similar TOC
decay can be observed for Fe2+ contents between 0.5 and
2.0 mM with overall mineralization at 300 min. The use
of a lower concentration of 0.2 mM yields a slightly slower
degradation rate at the first stages of electrolysis due to the
concomitant production of less quantity of �OH, being the
solution totally decontaminated at a slightly longer time
of 360 min. In contrast, addition of a higher content
of 5.0 mM Fe2+ causes a strong inhibition from
60 min of treatment, as expected if �OH is rapidly con-
sumed by the non-oxidizing reaction (12) (Diagne et al.,
2007; Sirés et al., 2007b).

From these findings, one can establish that EAOPs with
BDD are more viable for chloroxylenol degradation oper-

ating at low current density to obtain high efficiencies
because less specific charge is spent in undesirable waste
reactions. The indirect methods work under optimum con-
ditions with Fe2+ concentrations ranging between 0.5 and
2.0 mM.

3.4. Chloroxylenol decay by EAOPs

Several chemical stability tests for 100 mg l�1 of chlo-
roxylenol in 0.05 M Na2SO4 of pH 3.0 were made in the
presence of 20 mM H2O2 with and without UVA irradia-
tion for 30 min. Reversed-phase HPLC chromatograms
recorded during these trials did not show any change in
biocide concentration, corroborating that in the EAOPs
tested this contaminant is not degraded neither by electro-
generated H2O2 nor by incident light and then, it can only
react with Pt(�OH) or BDD(�OH) formed from reaction (1)
and/or �OH generated in the medium from reactions (3)
and/or (5).

The decay of chloroxylenol concentration with time for
AO–Pt at 33 mA cm�2 and for AO–BDD at 33, 100 and
150 mA cm�2 is presented in Fig. 3a. At the lowest current
density this compound is always slowly removed, disap-
pearing from the medium in 660 min using Pt and at a
shorter time of ca. 420 min with BDD. This evidences a fas-
ter reaction of the biocide with BDD(�OH) since this oxi-
dant is produced in larger extent than Pt(�OH). Fig. 3a
also shows a progressive increase in chloroxylenol decay
with rising current density for AO–BDD, being completely
removed at 420, 240 and 180 min for 33, 100 and
150 mA cm�2, respectively. This tendency confirms the
generation of more amount of BDD(�OH) when j increases,
accelerating the destruction of the initial contaminant and
its by-products. Note that a slight rise in biocide removal
only takes place from 100 to 150 mA cm�2 due to the
higher increase in rate of waste reactions (8)–(11), as stated
above. Kinetic analysis of data of Fig. 3a did not agree
with any equation related to a simple reaction order, sug-
gesting the existence of a complex destruction of chloroxy-
lenol at each anode.

Fig. 3b shows a very fast and similar biocide decay for
EF–Pt, PEF–Pt, EF–BDD and PEF–BDD treatments with
1.0 mM Fe2+ at 33 mA cm�2, yielding total removal in
about 20 min in all cases. The little influence of UVA irra-
diation in these trials allows inferring the existence of a
quite low generation of �OH by reaction (5). The large
enhancement of the removal of chloroxylenol in these indi-
rect electro-oxidation methods in comparison to the anodic
oxidation ones confirms that the main oxidant is �OH pro-
duced via Fenton’s reaction (3), at least at short electrolysis
times. On the other hand, the inset panel of Fig. 3b depicts
the good straight lines obtained for the kinetics analysis of
the above concentration decays considering that the
biocide follows a pseudo-first-order reaction. From these
correlations, an analogous apparent first-order rate
constant (k1) of 6.2 � 10�3 s�1 (square regression coeffi-
cient (R2) = 0.997), 6.4 � 10�3 s�1 (R2 = 0.9997), 6.3 �
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10�3 s�1 (R2 = 0.9994) and 6.9 � 10�3 s�1 (R2 = 0.9990) is
found for EF–Pt, PEF–Pt, EF–BDD and PEF–BDD,
respectively. This behavior is indicative of a constant pro-
duction of �OH during all indirect treatments.

3.5. Identification and evolution of organic by-products

Table 1 summarizes the characteristics of aromatic
by-products identified by GC–MS for the electrochemical
degradation of chloroxylenol. They can be related to its
main reaction path involving the primary dechlorinated

compound 2,6-dimethylhydroquinone, its oxidation prod-
uct 2,6-dimethyl-p-benzoquinone and the subsequent
hydroxylated species 3,5-dimethyl-2-hydroxy-p-benzoqui-
none. Reversed-phase HPLC chromatograms of all treated
solutions displayed a well-defined peak corresponding to
2,6-dimethyl-p-benzoquinone, as confirmed by comparing
its retention time and UV–Vis spectrum, measured on the
diode array detector, with those of pure compound.
From these chromatograms, the time-course of its concen-
tration for the anodic oxidation and indirect treatments of
100 mg l�1 biocide solutions of pH 3.0 at 33 mA cm�2 was
determined via calibration with external standard. Fig. 4a
shows that 2,6-dimethyl-p-benzoquinone is largely accumu-
lated in AO–Pt due to the small oxidation power of
Pt(�OH). In this method it attains a maximum content of
37 mg l�1 at 240 min, whereupon it is so slowly removed
that about 4 mg l�1 of it still persist in the medium after
900 min of electrolysis, once destroyed all initial chloroxy-
lenol (see Fig. 3a). In contrast, the use of AO–BDD yields
a much smaller accumulation of 1.7 mg l�1 of this by-prod-
uct, which is completely destroyed in 480 min, a time sim-
ilar to that needed for total decontamination (see Fig. 2a)
but slightly higher than that of chloroxylenol removal
(see Fig. 3a). The AO–BDD method then involves the
simultaneous oxidation of all aromatics with the large
amounts of BDD(�OH) produced at the anode. A very
different behavior can be seen in Fig. 4b for EF–Pt, EF–
BDD, PEF–Pt and PEF–BDD, where 2,6-dimethyl-p-
benzoquinone is very rapidly accumulated for 3 min,
attaining ca. 8 mg l�1 in all cases, and further rapidly
destroyed to disappear in 20 min, i.e., practically at the
same time as the initial pollutant (see Fig. 3b). This allows
establishing that for all indirect methods, aromatic by-
products persist in the medium while chloroxylenol is being
oxidized because of their parallel fast reaction with �OH
mainly formed from Fenton’s reaction (3). The quite
similar evolution of 2,6-dimethyl-p-benzoquinone in the
absence and presence of UVA irradiation excludes its pho-
tolysis, as well as the participation of reaction (5) to pro-
duce �OH to a significant extent.

Generation of short-chain carboxylic acids from aro-
matic by-products was corroborated by ion-exclusion chro-
matography. From this analysis, maleic (tr = 7.59 min),
malonic (tr = 9.31 min), pyruvic (tr = 8.59 min), acetic
(tr = 14.27 min) and oxalic (tr = 6.21 min) acids were

Table 1
Aromatic by-products found for the electrochemical degradation of chloroxylenol in 0.05 M Na2SO4 at pH 3.0 and 25.0 �C by means of GC–MS analysis

Compound Retention time (min) Principal mass fragments (m/e)

2,6-dimethyl-p-benzoquinonea 7.4 136 (76, M+), 108, 107, 96, 90, 80, 79, 68
3,5-dimethyl-2-hydroxy-p-benzoquinoneb 9.1 152 (6, M+), 147, 124, 96, 83, 69

Trimethylsilylated derivatives

2,6-dimethylhydroquinonec 17.3 282 (6, M+), 267, 252, 193, 177, 151, 133, 126, 119, 103, 91, 73

a Confirmed by comparison with standard fragmentation.
b Fragmentation agrees with that found for the isomer 3,6-dimethyl-2-hydroxy-p-benzoquinone in the NIST online library.
c Fragmentation agrees with that given for the isomer 1,4-bis(trimethylsiloxy)-2,5-dimethylbenzene in the NIST online library.
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Fig. 3. Decay of chloroxylenol concentration with electrolysis time during
the degradation of 100 ml of 100 mg l�1 biocide solutions in 0.05 M
Na2SO4 of pH 3.0 at 25.0 �C. In plot (a), (s) AO–Pt at 33 mA cm�2; and
AO–BDD at (d) 33 mA cm�2; (e) 100 mA cm�2; and (O) 150 mA cm�2.
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panel gives the kinetic analysis considering a pseudo-first-order reaction
for chloroxylenol.

M. Skoumal et al. / Chemosphere 71 (2008) 1718–1729 1725



9 PAPERS FROM THIS THESIS / ARTICLES DERIVATS D’AQUESTA TESI

231

identified only during the indirect treatments, where they
form Fe(III) complexes. These acids were not detected in
the solutions degraded by AO–Pt because of the very slow
reaction of aromatics with Pt(�OH), whereas in AO–BDD
they are destroyed at the same rate as produced due to high
oxidation power of BDD(�OH). Maleic and malonic acids
proceed from the oxidative breaking of the aryl moiety of
aromatics and are independently oxidized to oxalic acid
(Flox et al., 2006; Sirés et al., 2007a). To clarify the degra-
dation path of pyruvic and acetic acids, solutions contain-
ing 50 mg l�1 of each acid of pH 3.0 were separately
electrolyzed under EF–Pt conditions. Ion-exclusion chro-
matography revealed the oxidation of pyruvic acid to acetic
acid, which is subsequently transformed into oxalic acid.
This latter acid is the ultimate by-product since it is directly
mineralized to CO2.

Concentrations lower than 1 mg l�1 up to 30 min of
electrolysis at 33 mA cm�2 were detected for maleic and
malonic acids in all indirect methods, as expected if their
Fe(III) complexes are rapidly oxidized by �OH. This behav-
ior is more clearly illustrated in Fig. 5a for pyruvic acid
that is largely accumulated up to 15–21 mg l�1 for 15 min
in all treatments, followed by fast destruction to be
removed in 60 min. That means that Fe(III)–pyruvate com-
plexes are mainly destroyed by �OH, without significant
photolysis by UVA light. In contrast, the time-course of

acetic and oxalic acids depends on the treatment utilized.
As can be seen in Fig. 5b, acetic acid is accumulated in
the medium while pyruvic acid is removed, attaining a
maximum concentration of 27–31 mg l�1 in 45–60 min.
Further, it is slowly degraded up to 20 mg l�1 at 360 min
of EF–Pt and completely removed in 360, 300 and
240 min for PEF–Pt, EF–BDD and PEF–BDD, respec-
tively. These findings evidence that Fe(III)–acetate com-
plexes are much more rapidly oxidized with BDD(�OH)
than with Pt(�OH) and/or �OH, being its destruction
enhanced under UVA irradiation. On the other hand,
Fig. 5c shows that oxalic acid reaches a quasi steady con-
centration near 36 mg l�1 after 240 min of EF–Pt, whereas
it is slowly destroyed in EF–BDD and rapidly mineralized,
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practically at the same rate, in both PEF methods. Fe(III)–
oxalate complexes are then slowly oxidized to CO2 with
BDD(�OH), but not with Pt(�OH) and/or �OH, and rapidly
photodecarboxylated by UVA light.

The above results demonstrate the fast and overall
removal of both Fe(III)–acetate and Fe(III)–oxalate com-
plexes under the action of UVA illumination in both
PEF treatments. However, about 5 mg l�1 of TOC corre-
sponding to some undetected organics still remain in the
solution after 6 h of PEF–Pt treatment when the above
complexes are already disappeared (see Figs. 1a, 5b and
5c). The quick destruction of such undetected pollutants
with BDD(�OH) explains the highest oxidation power of
the PEF–BDD method leading to total decontamination
in 300 min (see Fig. 1a). The formation of undetected
organics under EF conditions can be confirmed from a sim-
ple mass balance of the remaining acetic and/or oxalic
acids after 360 min of electrolysis. Taking into account
the data of Figs. 5b and c, one can easily calculate a con-
tent in solution equivalent to 18 mg l�1 of TOC for both
acids in EF–Pt and of 6 mg l�1 of TOC for oxalic acid in
EF–BDD, being both values lower than 26 and 11 mg l�1

of TOC found for the corresponding final treated solutions
(see Fig. 1a).

3.6. Mineralization pathway for chloroxylenol

From the organic by-products detected in the present
work, a plausible general reaction sequence for the miner-
alization of chloroxylenol by the different EAOPs tested is
proposed in Fig. 6. To simplify, this path only considers the
action of the strong oxidants Pt(�OH), BDD(�OH) and
�OH, so that, possible slower parallel reactions with weaker
electrogenerated oxidizing species like H2O2, S2O2�

8 , O3,
Cl2, etc., are not taken into account. The degradation of
complexes of Fe(III) with acetic and oxalic acids is
remarked since it is well clarified experimentally.

The process begins with the attack of Pt(�OH),
BDD(�OH) or �OH on the C(4) position of chloroxylenol
giving 2,6-dimethylhydroquinone with loss of chloride
ion. Further oxidation of this hydroquinone with the
same oxidizing species yields 2,6-dimethyl-p-benzoqui-
none, which is subsequently hydroxylated to 3,5-dimethyl-
2-hydroxy-p-benzoquinone. This benzoquinone then
undergoes a benzenic ring opening followed by oxidative
breaking, leading to a mixture of pyruvic, maleic and
malonic acids. This process takes place under the attack
of BDD(�OH) and �OH, but in much smaller extent with
Pt(�OH) in AO–Pt. In the AO–BDD treatment BDD(�OH)
converts maleic and malonic acids into oxalic acid, as well
as pyruvic acid into the same acid via acetic acid, and it fur-
ther mineralizes oxalic acid to CO2. In contrast, �OH is the
main oxidant of pyruvic, maleic and malonic acids in the
indirect electro-oxidation methods, where Fe(III)–acetate
and Fe(III)–oxalate complexes are largely produced. Oxi-
dation of the first complexes to the second ones is very slow
with Pt(�OH) and �OH in EF–Pt, but very fast with

BDD(�OH) and/or UVA irradiation in the other indirect
methods. Finally, Fe(III)–oxalate complexes can be slowly
mineralized with BDD(�OH) in EF–BDD and rapidly
photodecarboxylated under the action of UVA irradiation
in PEF–Pt and PEF–BDD. The higher oxidation power of
BDD than Pt to destroy organics more rapidly then
explains the greater degradation rate and efficiency of the
latter technique.

4. Conclusions

It has been demonstrated that EAOPs can be viable
techniques for the overall decontamination of wastewaters
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containing the biocide chloroxylenol. The most powerful
method is PEF–BDD in which aromatic pollutants are rap-
idly oxidized with �OH formed from Fenton’s reaction (3),
whereas final by-products including Fe(III) complexes with
acetic and oxalic acids are efficiently and totally destroyed
with BDD(�OH) and/or UVA light. The PEF–Pt and
AO–BDD treatments are less efficient yielding total miner-
alization at longer electrolysis time. In contrast, the biocide
is hardly mineralized by EF–BDD due to the slow reaction
of Fe(III)–oxalate complexes with BDD(�OH), EF–Pt
because Fe(III)–acetate and Fe(III) oxalate complexes react
poorly with Pt(�OH) and �OH, and AO–Pt where Pt(�OH)
alone is unable to convert significant amounts of aromatic
by-products into carboxylic acids. In all EAOPs the initial
chlorine is released as Cl� ion, which remains stable in
the medium using Pt or is oxidized to Cl2 at the BDD
anode. An increase in current density causes a faster degra-
dation for AO–BDD and PEF–BDD, but the efficiency
decays due to greater rise in rate of undesirable waste reac-
tions that yield lower relative quantity of BDD(�OH) and
�OH, respectively. Chloroxylenol decays slowly in both ano-
dic oxidation treatments, being very rapidly removed at
similar rate in all indirect methods due to its much faster
reaction with �OH than with BDD(�OH) and Pt(�OH).
Aromatic by-products like 2,6-dimethylhydroquinone,
2,6-dimethyl-p-benzoquinone and 3,5-dimethyl-2-hydroxy-
p-benzoquinone are identified by GC–MS, while carboxylic
acids such as maleic, malonic, pyruvic, acetic and oxalic are
detected by ion-exclusion chromatography. A plausible
pathway for the biocide mineralization by all EAOPs
involving the organic by-products found is proposed.
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a b s t r a c t

The degradation of a 41 mg dm−3 ibuprofen (2-(4-isobutylphenyl)propionic acid) solution of pH 3.0 has
been comparatively studied by electrochemical advanced oxidation processes (EAOPs) like electro-Fenton,
UVA photoelectro-Fenton and solar photoelectro-Fenton at constant current density. Experiments were
performed in a one-compartment cell with a Pt or boron-doped diamond (BDD) anode and an O2-diffusion
cathode. Heterogeneous hydroxyl radical (•OH) is generated at the anode surface from water oxidation,
while homogeneous •OH is formed from Fenton’s reaction between Fe2+ and H2O2 generated at the cath-
ode, being its production strongly enhanced from photo-Fenton reaction induced by sunlight. Higher
mineralization is attained in all methods using BDD instead Pt, because the former produces greater
quantity of •OH enhancing the oxidation of pollutants. The mineralization rate increases under UVA and
solar irradiation by the rapid photodecomposition of complexes of Fe(III) with acidic intermediates. The
most potent method is solar photoelectro-Fenton with BDD giving 92% mineralization due to the for-
mation of a small proportion of highly persistent final by-products. The effect of Fe2+ content, pH and
current density on photoelectro-Fenton degradation has been studied. The ibuprofen decay always fol-
lows a pseudo-first-order kinetics and its destruction rate is limited by current density and UV intensity.
Aromatics such as 1-(1-hydroxyethyl)-4-isobutylbenzene, 4-isobutylacetophenone, 4-isobutylphenol and
4-ethylbenzaldehyde, and carboxylic acids such as pyruvic, acetic, formic and oxalic have been identified
as oxidation by-products. Oxalic acid is the ultimate by-product and the fast photodecarboxylation of its
complexes with Fe(III) under UVA or solar irradiation explains the higher oxidation power of photoelectro-
Fenton methods in comparison to electro-Fenton procedures.

© 2008 Elsevier Ltd. All rights reserved.

1. Introduction

In the last years a large variety of pharmaceutical drugs such
as analgesics, anti-inflammatories, antimicrobials, antiepileptics,
beta-blockers, estrogens and lipid regulators have been detected
as emerging pollutants in surface, ground and drinking waters at
low contents up to micrograms per liter [1–10]. This contamination
is mainly due to emission from production sites, direct disposal of
overplus drugs in households, excretion after drug administration
to humans and animals, treatments throughout the water in fish
and other animal farms and inadequate treatment of manufactur-

∗ Corresponding author. Tel.: +34 93 4021223; fax: +34 93 4021231.
E-mail address: brillas@ub.edu (E. Brillas).

1 ISE member.

ing waste [2]. Although the possible interactions of these pollutants
with living beings in the environment are not well documented,
available data indicate that some drugs can favor the develop-
ment of multi-resistant strains of microorganisms, can affect the
endocrine system of fishes and can exert toxic effects on algae and
invertebrates [1,3]. Powerful oxidation methods are then needed
to be developed for achieving total removal of drugs and their
by-products from wastewaters, thus avoiding their adverse health
effects on human beings and animals.

Ibuprofen (2-(4-isobutylphenyl)propionic acid) is one of the
most worldwide consumed pharmaceuticals. It is an anti-
inflammatory drug with analgesic and antipyretic properties that
is supplied to humans at high dose from 200 to 3200 mg daily
[11] for the treatment of fever, mild pain from headaches and
migraine, muscle aches, arthritis, menstrual cramps, common cold,
toothaches and so on. Because of its widespread use and inefficient

0013-4686/$ – see front matter © 2008 Elsevier Ltd. All rights reserved.
doi:10.1016/j.electacta.2008.07.014
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removal with activated sludge in sewage treatment plants [4,5],
ibuprofen concentrations up to 10 �g dm−3 have been detected in
the aquatic environment, mainly in European [4,6,9,10], Japanese
[7] and American [8] rivers. Previous studies on the degradation
of this drug have reported the detection of by-products formed
from thermal decomposition and chemical oxidation with per-
manganate, dichromate and concentrated H2O2 [11], but without
considering their application to wastewater decontamination.

Advanced oxidation processes (AOPs) are promising environ-
mentally friendly technologies for the treatment of wastewaters
containing low contents of persistent organic pollutants (POPs)
[12]. AOPs include a large variety of chemical, photochemical,
photocatalytic and direct and indirect electrochemical methods
characterized by the in situ generation of hydroxyl radical (•OH),
which is the second most strong oxidizing species known after
fluorine. This radical has a very high standard reduction potential
(E0(•OH/H2O) = 2.80 V vs. NHE), then being able to non-selectively
react with POPs to yield dehydrogenated or hydroxylated deriva-
tives that can in turn undergo overall mineralization, i.e., total
conversion into CO2.

Recently, there is increasing interest in the use of indirect
electrooxidation methods with H2O2 electrogeneration such as
electro-Fenton (EF) and photoelectro-Fenton (PEF) for wastewa-
ter remediation [13–31]. These electrochemical advanced oxidation
processes (EAOPs) are based on the continuous supply of hydrogen
peroxide to an acidic contaminated solution contained in an elec-
trolytic cell from the two-electron reduction of injected O2 at the
cathode:

O2 + 2H+ + 2e− → H2O2 (1)

Carbon-felt [13–15,18,21,24,31,32], O2-diffusion [16,17,20,22,23,
25,29,30], activated carbon fiber [19] and graphite [26–28] cath-
odes are utilized for an efficient reduction of O2 from reaction (1).
In EF, the oxidation ability of electrogenerated H2O2 is strongly
enhanced by adding to the solution a small quantity of catalytic
Fe2+ to produce •OH and Fe3+ in the medium from Fenton’s reaction
[32]:

Fe2+ + H2O2 → Fe3+ + •OH + OH− (2)

Reaction (2) is propagated from Fe2+ regeneration, which mainly
takes place from Fe3+ reduction at the cathode [14]. The mineral-
ization process can be accelerated using the PEF method, simply
so-called PEF, where the solution treated under EF conditions is
exposed to an UVA light of �max = 360 nm. The photocatalytic action
of this irradiation is complex and its main effects can be related
to: (i) the photolysis of Fe(OH)2+, which is the predominant Fe(III)
species at pH 3.0, regenerating greater amount of Fe2+ and produc-
ing more quantity of •OH via photo-Fenton reaction [32,33]:

Fe(OH)2+ + h� → Fe2+ + •OH (3)

and (ii) the photolysis of complexes of Fe(III) with generated car-
boxylic acids [16,17,20,30]. In the case of oxalic acid, which can be
formed from oxidation of aromatic pollutants, the photodecom-
position of Fe(III)-oxalate complexes (Fe(C2O4)+, Fe(C2O4)2

− and
Fe(C2O4)3

3−) can be expressed as the following general reaction
[33]:

2Fe(C2O4)n
(3−2n) + h� → 2Fe2+ + (2n − 1)C2O4

2− + 2CO2 (4)

An alternative treatment can use sunlight as inexpensive and potent
source of UV light giving rise to the so-called solar photoelectro-
Fenton (SPEF) method [29].

Our group has previously explored the EF and PEF treatments
of aromatic drugs such as paracetamol [20], salicylic acid [29]
and chloroxylenol [30] using a small undivided electrolytic cell

with a Pt- or boron-doped diamond (BDD) anode and a carbon-
polytetrafluoroethylene (PTFE) O2-diffusion cathode that generates
H2O2 by reaction (1). In both methods POPs can be destroyed by
homogeneous •OH formed from Fenton’s reaction (2) and by het-
erogeneous hydroxyl radical (Pt(•OH) or BDD(•OH)) produced at
each anode surface from water oxidation [34–37]:

Pt + H2O → Pt(•OH) + H+ + e− (5)

BDD + H2O → BDD(•OH) + H+ + e− (6)

While in EF the degradation process seems limited by the relative
oxidation ability of the different kinds of hydroxyl radicals formed,
in PEF it is largely influenced by the photodecomposition of com-
plexes of Fe(III) with generated by-products, mainly final carboxylic
acids, under the action of UVA light. A disadvantage of PEF is the
excessive cost of the UVA light used as irradiation source and, for
this reason, the SPEF method with inexpensive irradiation energy
consumption could be more viable for the treatment of wastewaters
containing drugs and their metabolites. Preliminary tests reported
by us for salicylic acid showed the excellent effectiveness of its
SPEF degradation [29], although more research is needed to clarify
whether this technique can be useful in practice.

This paper presents a study on the performance of the SPEF
treatment of aqueous ibuprofen solutions using both Pt- and BDD
anodes. EF and PEF degradations have also performed under the
same conditions to clarify its mineralization process. Since this drug
is a weak acid (pKa = 4.4) of low solubility (45 mg dm−3 at pH 3.0
and 25 ◦C), all experiments were carried out with a solution close
to saturation to better know the oxidation power of each method.
The influence of Fe2+ concentration, pH and current density on the
mineralization process of PEF was also explored. Aromatic interme-
diates were identified by gas chromatography–mass spectrometry
(GC–MS). The ibuprofen decay and the evolution of intermediates
were followed by chromatographic techniques to clarify the syner-
gistic action of the hydroxyl radical and UV irradiation.

2. Experimental

2.1. Chemicals

Ibuprofen and 4-isobutylacetophenone were reagent grade sup-
plied by Aldrich and Alfa Aesar, respectively. Pyruvic, acetic, formic
and oxalic acids were analytical grade from Aldrich, Panreac
and Merck. Heptahydrated ferrous sulfate utilized as catalyst and
anhydrous sodium sulfate used as background electrolyte were
analytical grade purchased from Fluka and Merck, respectively.
Solutions were prepared with high purity water obtained from
a Milli-Q system, with resistivity >18 M� cm at 25 ◦C. The initial
solution pH was adjusted to pH 3.0 with analytical grade sulfuric
acid from Merck. Organic solvents and other chemicals used were
analytical grade supplied by Panreac and Probus.

2.2. Electrolytic systems

All electrolyses were made in an open, undivided and ther-
mostated cylindrical glass cell by applying a constant current
density (j) supplied with an EG&G 363 potentiostat–galvanostat.
The cell voltage was directly measured with a Hewlett Packard
34401A digital multimeter. All treatments were carried out using
either a 3 cm2 Pt sheet of 99.99% purity from SEMPSA (EF-Pt, PEF-Pt
and SPEF-Pt methods) or a 3 cm2 BDD thin film deposited on a con-
ductive Si sheet from Adamant Technologies (EF-BDD, PEF-BDD and
SPEF-BDD methods) as anode and a 3 cm2 carbon-PTFE electrode
from E-TEK as cathode. This electrode was fed with pure O2 gas
at 20 cm3 min−1 for H2O2 production by reaction (1). The prepara-
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tion and characteristics of this O2-diffusion cathode are described
elsewhere [16]. In the PEF trials the solution was irradiated with a
Philips TL/6W/08 fluorescent black light blue tube placed at 7 cm
above it, which emitted UVA light between 320 and 420 nm with
�max = 360 nm. The photoionization energy input supplied to the
solution was 1.4 W m−2, detected with a NRC 820 laser power meter
working at 514 nm. In the SPEF treatments the cell was directly
exposed to solar irradiation, with a mirror at its bottom to better
collect the sun rays. These trials were performed for 4 h in sunny
and clear days during July of 2007 in our laboratory of Barcelona
(longitude: 41◦21′N; latitude: 2◦10′E), with a decay in solar irradia-
tion intensity from ca. 1000 W m−2 at noon to ca. 540 W m−2 at 16 h,
with an average UV irradiation intensity ca. 17 W m−2, measured by
the weather station of our center. Comparative electrooxidations
without catalysts were made using the above anodes and a 3 cm2

stainless steel (AISI 304 grade) cathode.
The degradation of 100 cm3 of solutions with 41 mg dm−3

ibuprofen (corresponding to 31 mg dm−3 dissolved organic carbon
(DOC)) was studied by all methods at an initial pH of 3.0, close to
the optimum pH of 2.8 for Fenton’s reaction (2) [32]. The average
cell voltages were 7.2 V for EF-Pt, PEF-Pt and SPEF-Pt and 15.3 V for
EF-BDD, PEF-BDD and SPEF-BDD at 33.3 mA cm−2, and 5.5, 7.3, 10.5
and 24.0 V for PEF-BDD at 3.3, 6.6, 13.3 and 100 mA cm−2, respec-
tively. All experiments were made at 25.0 ◦C under vigorous stirring
of the solution with a magnetic bar to ensure its homogenization
and the transport of reactants towards/from the electrodes.

2.3. Instruments and analytical procedures

The mineralization reaction of ibuprofen involves its transfor-
mation into CO2 as follows:

C13H18O2 + 24H2O → 13CO2 + 66H+ + 66e− (7)

Its evolution was monitored from the decay of the solution DOC,
determined on a Shimadzu VCSN total organic carbon analyzer.
Reproducible DOC values, with ±2% accuracy, were found by inject-
ing 50 �l aliquots into this analyzer using the non-purgeable
organic carbon method. From these data and taking into account
reaction (7), the mineralization current efficiency (MCE, in %) for
each treated solution at a given time t (h) was calculated from the
equation [30]:

MCE = nFVs �(DOC)exp

4.32 × 107mIt
× 100 (8)

where n is the number of electrons consumed per ibuprofen
molecule (66e−), F is the Faraday constant (96,487 C mol−1), Vs is
the solution volume (dm3), �(DOC)exp is the solution DOC decay
(mg of C dm−3), 4.32 × 107 is a conversion factor to homogenize
units (3600 s h−1 × 12,000 mg of C mol−1), m is the number of car-
bon atoms of ibuprofen (13 C atoms) and I is the applied current
(A).

Solutions of 100 cm3 of 41 mg dm−3 of the drug and 0.05 M
Na2SO4 at pH 3.0 were electrolyzed using either a BDD/stainless
steel cell or the EF-Pt method with 0.5 mM Fe2+ at 33.3 mA cm−2

and 25.0 ◦C for 30 min. The resulting organics were extracted with
45 cm3 of CH2Cl2 and further, the collected organic solution was
dried with Na2SO4, filtered and rotavaporated to about 2 cm3. The
remaining products were then separated and analyzed by GC–MS,
using a Fisons GC8060 gas chromatograph fitted with an Innowax
0.25 �m column (30 m × 0.25 mm (i.d.)) and coupled with a Fisons
Thermo Finnigan MD800 MS operating in EI mode at 70 eV and
300 ◦C.

The solution pH during electrolysis trials was measured with
a Crison 506 pH-meter. Samples were filtered with 0.45 �m PTFE

filters from Whatman before analysis. Reversed-phase HPLC mea-
surements were made with a Shimadzu 10Avp high-performance
liquid chromatograph fitted with a Thermo ODS hypersil 5 �m col-
umn (150 mm × 3 mm (i.d.)) at room temperature, coupled with
a Shimadzu SPD-M10Avp diode array detector at � = 220 nm. Ion-
exclusion HPLC was performed with the above chromatograph
fitted with a Biorad Aminex HPX 87H column (300 mm × 7.8 mm
(i.d.)) at 35 ◦C and the photodiode detector at � = 210 nm. In
both techniques 20 �l samples were injected into the chromato-
graph. The mobile phase was a 50:50 (v/v) acetonitrile/0.015 M
ammonium dihydrogenphosphate buffer (pH 3.0) mixture at
1.0 cm3 min−1 for reversed-phase HPLC and 4 mM H2SO4 at
0.6 cm3 min−1 for ion-exclusion HPLC. In the first method the
ibuprofen and 4-isobutylacetophenone peaks were quantified at
retention time (tr) of 3.50 and 4.95 min, respectively, whereas in
the second one, peaks related to oxalic, pyruvic, formic and acetic
acids were detected and analyzed at tr values of 6.2, 8.7, 13.1 and
14.3 min, respectively.

3. Results and discussion

3.1. Comparative degradation by EAOPs

The relative oxidation power of the indirect electrooxidation
methods for ibuprofen degradation was determined from the
treatment of a solution of the drug close to saturation with
41 mg dm−3 containing 0.5 mM Fe2+ as metallic ion catalyst at pH
3.0, 33.3 mA cm−2 and 25.0 ◦C. The EF and PEF methods were pro-
longed for 6 h, whereas the SPEF treatments were applied during
4 h. In all these experiments the initial colorless solution became
slightly yellowish in about 10–15 min by the fast transformation of
Fe2+ into Fe3+ [20] and this color remained unchanged during elec-
trolysis. Its pH dropped slightly to a final value close to 2.6–2.7, as
expected if strong short-chain carboxylic acids are at least gener-
ated as final by-products [20].

The DOC removal with specific charge (Q, in Ah dm−3) for the
above trials using EF-Pt (curve a), EF-BDD (curve b), PEF-Pt (curve
c), PEF-BDD (curve d), SPEF-Pt (curve e) and SPEF-BDD (curve f) is
depicted in Fig. 1a. The relative oxidation power of these methods
increases in the sequence EF < PEF < SPEF, being each method more
potent when BDD is used instead of Pt. This trend is due to the
different synergistic action of oxidants BDD(•OH), Pt(•OH) and •OH
and/or incident irradiation to remove the pollutants, as discussed
below.

Fig. 1a shows a slow decay in DOC of the ibuprofen solution by
EF-Pt, only giving rise to 58% mineralization after the consump-
tion of Q = 6 Ah dm−3 at the end of electrolysis (curve a). This trend
indicates that •OH formed from Fenton’s reaction (2) under these
conditions and Pt(•OH) produced from reaction (5) can hardly con-
vert the organic pollutants into CO2. In contrast, when EF-BDD is
applied, the degradation rate becomes much faster leading to the
reduction of 81% of the initial DOC at the same specific charge (see
curve b of Fig. 1a). That means that organics intermediates can be
much more rapidly destroyed by BDD(•OH) than Pt(•OH), because
the former is produced in greater amount from reaction (6) owing
to the much higher O2-overpotential of the BDD anode [34].

A strong influence of the anode on the oxidation ability of the PEF
method also takes place. Fig. 1a shows that after passing 6 Ah dm−3,
the drug solution undergoes 83% DOC reduction in PEF-Pt (curve
c), which rises to 94% using PEF-BDD (curve d). The greater decon-
tamination attained in both PEF procedures in comparison to the
corresponding EF ones can be explained by the synergistic action
of UVA light leading to the increase in •OH production via photo-
Fenton reaction (3) that favors the destruction of all organics and/or
the photolysis of complexes between Fe(III) and carboxylic acids.
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Fig. 1. (a) DOC decay and (b) mineralization current efficiency calculated from Eq.
(8) vs. consumed specific charge for the electrochemical degradation of 100 cm3 of
a solution with 41 mg dm−3 ibuprofen (near saturation), 0.5 mM Fe2+ and 0.05 M
Na2SO4 of pH 3.0 using a 3 cm2 O2-diffusion cathode at 33.3 mA cm−2 and 25.0 ◦C.
Method: (a, ©) electro-Fenton with a 3 cm2 Pt anode (EF-Pt); (b, �) electro-Fenton
with a 3 cm2 BDD anode (EF-BDD); (c, �) photoelectro-Fenton with Pt under irra-
diation with a 6 W UVA light of �max = 360 nm (PEF-Pt); (d, �) photoelectro-Fenton
with BDD under UVA irradiation (PEF-BDD); (e, �) solar photoelectro-Fenton with
Pt (SPEF-Pt) and (f, �) solar photoelectro-Fenton with BDD (SPEF-BDD).

The fact that PEF-BDD is much more potent than PEF-Pt, suggests
the generation of a higher amount of BDD(•OH) with ability to oxi-
dize some pollutants that are difficultly degraded in the solution
bulk with •OH and cannot be photolyzed with the UVA irradiation
supplied.

The superiority of the BDD anode is much less apparent under
SPEF conditions. As can be observed in curves e and f of Fig. 1a, the
drug solution exposed to solar irradiation is very rapidly mineral-
ized up to ca. 2 Ah dm−3 (2 h), attaining 84 and 88% DOC removal for
SPEF-Pt and SPEF-BDD, respectively. The greater oxidation power
of these methods in relation to PEF-Pt and PEF-BDD can then be
ascribed to a much higher generation of homogeneous oxidant •OH
via photo-Fenton reaction (3) and a quicker photodegradation of all
Fe(III) complexes induced by the more potent UV intensity supplied
by sunlight [32,33]. At Q > 2 Ah dm−3, however, the degradation in
both SPEF treatments becomes so slow that DOC is only reduced by
89 and 92% using Pt and BDD, respectively, at 4 h. The low decon-
tamination rate found at long electrolysis times can be related to
the formation of hardly oxidizable final by-products that react very
slowly with BDD(•OH) or Pt(•OH), but not with •OH. The large
persistence of such species prevents the overall mineralization of
ibuprofen using SPEF, at least for short electrolysis times. Their
faster destruction with BDD(•OH) than with Pt(•OH) can explain the
slightly greater mineralization attained in SPEF-BDD. This behavior
agrees with that found for EF and PEF procedures, where a larger

proportion of by-products are oxidized by BDD(•OH) because of
their poorer removal with •OH and/or by the photocatalytic action
of UVA irradiation.

The mineralization current efficiency for the above trials calcu-
lated from Eq. (8) is presented in Fig. 1b. As expected, this parameter
follows the same trend as the relative oxidation power of methods
tested, increasing in the sequence: EF-Pt < EF-BDD < PEF-Pt < PEF-
BDD < SPEF-Pt < SPEF-BDD. Fig. 1b evidences a gradual rise in MCE
at the beginning of the SPEF and PEF treatments, up to 0.67 Ah dm−3

(40 min) and 1.5 Ah dm−3 (90 min), respectively. This leads to con-
sider the initial formation of by-products that are easily mineralized
with •OH and/or photolyzed with incident irradiation. At higher Q
the efficiency decays progressively attaining a similar value for all
these procedures due to the production of species that can only
be removed slowly with BDD(•OH) or Pt(•OH). As a result of this
change in the oxidative ability of by-products formed, the most
powerful SPEF-BDD method only reaches a maximum efficiency
close to 33%, slightly higher than 27% for SPEF-Pt, but much higher
than 14% for PEF-BDD and 11% for PEF-Pt. This behavior indicates
that •OH formed from reactions (2) and/or (3) is the main oxidiz-
ing agent at the beginning of the PEF methods, being SPEF much
more efficient by the much greater UV intensity supplied by sun-
light. In the case of EF-BDD, a slight increase in MCE from 6.5% at
0.33 Ah dm−3 (20 min) to 8.7% at 1.5 Ah dm−3 (40 min), followed by
a slow fall to 4.7% at the end of treatment, can be observed in Fig. 1b.
This suggests the initial destruction of pollutants with BDD(•OH)
and •OH generated from reaction (2) giving rise to by-products that
can only be destroyed by the former at long electrolysis time. In con-
trast, the smallest efficiency for EF-Pt varies between 3.3 and 4.6%,
as expected if organics are mineralized at practically constant rate,
mainly with •OH due to the low degradation ability of Pt(•OH).

From the above findings, one can infer that the fastest decontam-
ination of acidic wastewaters containing ibuprofen up to saturation
is achieved when a BDD anode, H2O2 electrogeneration and Fe2+

and sunlight as catalysts are combined in SPEF-BDD. However,
overall mineralization is difficult to be attained by this procedure
because a small proportion of very persistent final by-products
are formed. A similar performance is found for PEF-BDD, but with
lower oxidation power by the use of a less potent UVA irradiation
that makes necessary the application of longer treatment times.
The degradation rate and efficiency for SPEF-BDD and PEF-BDD are
expected to depend on operating parameters such as Fe2+ concen-
tration, pH and current density because they limit the quantity
of homogeneous and heterogeneous hydroxyl radicals acting as
oxidants [20,29,30,32]. The effects of such parameters were then
examined for the PEF-BDD process, where they can be more easily
analyzed than in the most powerful SPEF-BDD method.

3.2. Influence of Fe2+ content, pH and current density on the
PEF-BDD process

Fig. 2 presents the DOC-Q plots obtained for the PEF-BDD treat-
ment of the drug solution containing between 0.1 and 2.0 mM Fe2+

at pH 3.0 and 33.3 mA cm−2 for 6 h. An increase in degradation rate
can be observed when the initial catalyst concentration rises from
0.1 to 0.5 mM. This behavior is more notable up to 4 Ah dm−3 (4 h)
and can be ascribed to greater production of •OH from reactions
(2) and/or (3) by the presence of more quantity of Fe2+ and Fe3+ in
the solution bulk. For example, at 3 Ah dm−3 (3 h) DOC is reduced
by 74, 83 and 85% for 0.1, 0.2 and 0.5 mM Fe2+, respectively, while a
similar mineralization of 91, 95 and 94% is achieved for these trials
at the end of electrolysis. The opposite tendency can be observed in
Fig. 2 by raising the Fe2+ content from 0.5 to 2.0 mM since the degra-
dation process undergoes gradual inhibition. This phenomenon is
more apparent at 2.0 mM Fe2+ from Q > 2 Ah dm−3 (2 h), so that, only
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Fig. 2. Influence of Fe2+ concentration on DOC removal of 41 mg dm−3 ibuprofen
solutions in 0.05 M Na2SO4 of pH 3.0 by the PEF-BDD method at 33.3 mA cm−2 and
25.0 ◦C. Initial Fe2+ content: ( ) 0.1 mM; (�) 0.2 mM; (�) 0.5 mM; (�) 1.0 mM; (�)
2.0 mM.

84% of the initial DOC is removed at the end of this trial. The inhi-
bition of the mineralization process for Fe2+ contents higher than
0.5 mM can be explained by the rapid consumption of •OH with the
greater amount of regenerated Fe2+ as follows [32]:

Fe2+ + •OH → Fe3+ + OH− (9)

This waste reaction could also take place for BDD(•OH) in the vicin-
ity of the anode, because this species is the main oxidant at long
electrolysis time, as pointed out above. According to these results, a
small quantity of catalytic Fe2+ between 0.2 and 0.5 mM is enough to
obtain the fastest destruction of contaminants by BDD(•OH) and/or
•OH in PEF methods with BDD.

A notable effect of solution pH on ibuprofen degradation can
be seen in Fig. 3 operating with 0.5 mM Fe2+ at 33.3 mA cm−2 for
6 h. Solutions starting from pH 4.0 and 6.0 were rapidly acidified
attaining pH values close to 3 after 2 h of electrolysis and for this
reason, these experiments were made with continuous pH regu-
lation to their initial value with 1 M NaOH. In contrast, solutions
of initial pH 3.0 and 2.0 were electrolyzed without pH regulation
since they reached final pH values of 2.7 and 1.9, respectively. Fig. 3
shows that the quickest decontamination takes place starting from
pH 3.0, whereas at pH 4.0 DOC drops more slowly, although it is

Fig. 3. Effect of pH on DOC abatement of 41 mg dm−3 ibuprofen solutions with
0.5 mM Fe2+ and 0.05 M Na2SO4 treated by the PEF-BDD method at 33.3 mA cm−2

and 25.0 ◦C. Initial pH: ( ) 2.0; (�) 3.0; (�) 4.0; (�) 6.0.

Fig. 4. Influence of current density on DOC removal vs. time for a solution con-
taining 41 mg dm−3 ibuprofen, 0.5 mM Fe2+ and 0.05 M Na2SO4 of pH 3.0 at 25 ◦C
degraded by PEF-BDD. Applied current density: (�) 3.3 mA cm−2; ( ) 6.6 mA cm−2;
(�) 13.3 mA cm−2; (�) 33.3 mA cm−2; (�) 100 mA cm−2.

reduced by 91% at the end of electrolysis, a value very close to that
obtained at pH 3.0. In contrast, at pH 2.0 and 6.0 the degradation
rate is so strongly inhibited that only 79 and 82% mineralization,
respectively, is finally attained. This behavior corroborates that at
the beginning of the PEF-BDD process at pH 3.0 organics are more
rapidly destroyed with •OH produced from reactions (2) and/or (3)
than with BDD(•OH) formed from reaction (6), since the rate of reac-
tion (2) is strongly dependent on pH having its maximum value at
pH 2.8 [32]. The strong fall in •OH production at pH 2.0 and 6.0
then causes a loss of the oxidation power of the treatment since
contaminants are mainly oxidized with BDD(•OH). These results
allow establishing that pH 3.0 is optimal to remove ibuprofen from
wastewaters by PEF procedures.

A series of electrolyses was also carried out to test the influ-
ence of current density on the degradation rate and efficiency of
the PEF-BDD process by treating the drug solution at the opti-
mized conditions of 0.5 mM Fe2+ and pH 3.0 for 6 h. Fig. 4 shows
that when j increases from 6.6 to 33.3 mA cm−2, DOC abatement
is slightly enhanced up to 4 h, while at longer time a similar value
is attained in all trials because the same proportion of persistent
final by-products is generated. Further rise in j does not affect the
degradation rate of pollutants, as deduced from the fact that DOC
falls in a similar way with time for 33.3 and 100 mA cm−2. This
evidences a kinetic limitation of the decontamination process by
the mass transfer of organics towards the anode and their diffu-
sion rate in solution. In contrast, when a lower current density of
3.3 mA cm−2 is applied, Fig. 4 shows a strong inhibition of the degra-
dation rate because of the low concentration of oxidants produced.
On the other hand, DOC is removed much less effectively regarding
specific charge. After 1.5 h of electrolysis, for example, 52, 55, 58 and
59% mineralization is reached for 6.6, 13.3. 33.3 and 100 mA cm−2,
respectively, with increasing Q of 0.3, 0.6, 1.5 and 4.5 Ah dm−3. At
the end of these trials ca. 94% mineralization is always obtained, but
Q strongly varies from 1.2 to 18.0 Ah dm−3. The greatest MCE values
were then found at the lowest current density of 6.6 mA cm−2, with
a maximum value of 61% at 0.3 Ah dm−3 (1.5 h).

The enhancement in degradation rate with time up to 4 h of
treatment with raising j from 6.6 to 33.3 mA cm−2 indicates that
pollutants are more quickly oxidized by the production of larger
amounts of BDD(•OH) due to the acceleration of reaction (6) and
also of homogeneous •OH by the generation of more H2O2 concen-
tration via reaction (1) that accelerates Fenton’s reaction (2) [16].
The much higher consumption of Q with increasing j suggests that
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side reactions involving hydroxyl radicals are given at larger extent
since a relatively lower quantity of organic oxidation events occurs.
These waste reactions involve the anodic oxidation of BDD(•OH) to
O2 via reaction (10) and the dimerization of •OH to H2O2 by reac-
tion (11) or its destruction with Fe2+ and H2O2 from reactions (9)
and (12), respectively [32,34]. Moreover, increasing j also enhances
the parallel formation at the BDD anode of weaker oxidants such as
S2O8

2− ion from reaction (13) and ozone from reaction (14) [36,37],
also reducing the relative amount of BDD(•OH) generated:

2BDD(•OH) → 2BDD + O2(g) + 2H+ + 2e− (10)

2•OH → H2O2 (11)

H2O2 + •OH → HO2
• + H2O (12)

2SO4
2− → S2O8

2− + 2e− (13)

3H2O → O3(g) + 6H+ + 6e− (14)

The above study allows concluding that very low current densities
can be applied for an efficient destruction of ibuprofen wastewa-
ters by PEF with BDD. Taking this into account, the concentrated
drug solution with 0.5 mM Fe2+ and pH 3.0 was then treated by the
most powerful SPEF-BDD method at 6.6 mA cm−2. This trial yielded
a very quick DOC reduction of 86% in 3 h with energy cost as low as
4.3 kW h m−3, but further decontamination was strongly inhibited
as found for 33.3 mA cm−2 (see curve f of Fig. 1a).

3.3. Decay kinetics of ibuprofen

The chemical stability of the solution with 41 mg dm−3 of the
drug and 0.05 M Na2SO4 at pH 3.0 was tested in the presence of
20 mM H2O2, 0.5 mM Fe2+ or 0.5 mM Fe3+ under UVA or solar irradi-
ation, for 60 min. No change in its concentration was found in these
experiments by reversed-phase HPLC. This evidences that ibupro-
fen and its iron complexes are not directly photolyzed and hence,
in the EAOPs tested they are mainly destroyed by homogeneous
•OH formed from reactions (2) and/or (3) and with heterogeneous
Pt(•OH) or BDD(•OH) produced from reaction (5) or (6), respec-
tively.

To clarify the decay kinetics of ibuprofen with Pt(•OH) and
BDD(•OH), its concentrated solution of pH 3.0 (without Fe2+ addi-
tion) was electrolyzed using Pt/stainless steel and BDD/stainless
steel cells at 33.3 mA cm−2 and 25 ◦C. Fig. 5 illustrates that this

Fig. 5. Decay of ibuprofen concentration with electrolysis time during the degra-
dation of 100 cm3 of a 41 mg dm−3 drug solution in 0.05 M Na2SO4 of pH 3.0 using
a cell with a 3 cm2 (♦) Pt or (
) BDD anode and a 3 cm2 stainless steel cathode at
33.3 mA cm−2 and at 25.0 ◦C. The inset panel gives the corresponding kinetic analysis
considering a pseudo-first-order reaction for ibuprofen.

contaminant is slowly removed in both cases, disappearing from
the medium in about 240 min using Pt and at a shorter time of
ca. 120 min with BDD. This confirms that it reacts more rapidly
with BDD(•OH) since this oxidant is produced in larger extent
than Pt(•OH). Good straight lines were obtained from the kinetic
analysis of data of Fig. 5 considering that ibuprofen follows a
pseudo-first-order reaction (see inset panel). From these correla-
tions, an apparent first-order rate constant (k1) of 2.67 × 10−4 s−1

(square regression coefficient R2 = 0.997) for Pt and a higher
k1 = 4.86 × 10−4 s−1 (R2 = 0.993) for BDD are found. This behavior
suggests that each anodic oxidation process is controlled by the
mass transfer of the drug, with constant production of heteroge-
neous oxidants.

Fig. 6a shows fast and similar drug abatement in the EF-Pt, EF-
BDD, PEF-Pt and PEF-BDD treatments of the same solution with
0.5 mM Fe2+ at pH 3.0 and 33.3 mA cm−2, being completely removed
in ca. 40 min in all cases. The little influence of UVA irradiation
in these trials excludes the direct photolysis of ibuprofen and its
iron complexes, as pointed out above. Comparison of results of
Figs. 5 and 6a evidences a very strong acceleration of drug destruc-
tion in the presence of electrogenerated H2O2 and Fe2+ and/or UVA
light as catalysts, as expected if it is oxidized in much larger extent
with •OH than with Pt(•OH) or BDD(•OH) in the indirect elec-
trooxidation methods. Excellent linear correlations were also found
by fitting the above concentration decays to a pseudo-first-order
kinetic equation. From this analysis shown in the inset panel of

Fig. 6. (a) Time-course of ibuprofen concentration determined for the (©) EF-Pt; (�)
EF-BDD; (�) PEF-Pt; (�) PEF-BDD; (�) SPEF-Pt; (�) SPEF-BDD methods under the
same conditions as reported in Fig. 1. (b) Effect of current density on ibuprofen decay
for the PEF-BDD process at ( ) 6.6 mA cm−2; (�) 13.3 mA cm−2; (�) 33.3 mA cm−2.
The inset panels give the kinetic analysis for the EF and PEF treatments assuming
that the drug follows a pseudo-first-order reaction.
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Table 1
Aromatic intermediates detected for the electrochemical degradation of ibuprofen in 0.05 M Na2SO4 at pH 3.0 and 25.0 ◦C from GC–MS analysis

Compound Retention time (min) Main mass fragments (m/e)

4-Ethylbenzaldehydea 9.3 134 (95, M+), 133, 119, 106, 105, 103, 91, 89, 79, 77, 65
4-Isobutylacetophenonea 13.4 176 (25, M+), 161, 133, 119, 105, 103, 91, 90, 89, 77, 65
1-(1-Hydroxyethyl)-4-isobutylbenzenea 16.5 178 (22, M+), 163, 135, 117, 115, 105, 93, 91, 77, 65
4-Isobutylphenolb 21.1 150 (12, M+), 133, 117, 108, 107, 91, 89, 77, 73, 63

a Confirmed by comparison with standard fragmentation.
b Fragmentation agrees with that found for the isomer 4-butylphenol in the NIST online library.

Fig. 6a, slightly increasing k1-values of 1.86 × 10−3 s−1 (R2 = 0.996)
for EF-Pt, 2.00 × 10−3 s−1 (R2 = 0.996) for PEF-Pt, 2.06 × 10−3 s−1

(R2 = 0.993) for EF-BDD and 2.08 × 10−3 s−1 (R2 = 0.992) for PEF-BDD
are obtained. This trend suggests a constant production of •OH from
Fenton’s reaction (2) in the EF methods, with little participation of
photo-Fenton reaction (3) in the PEF ones. A very different behav-
ior can be seen in Fig. 6a when SPEF-Pt and SPEF-BDD are applied
under comparable conditions, since the drug is so rapidly removed
that disappears in about 20 min. The fastest ibuprofen destruction
in both SPEF methods can then be accounted for by the generation
of much more quantity of oxidant •OH under solar irradiation. This
is feasible from the large enhancement of photo-Fenton reaction (3)
by the greater UV intensity supplied by sunlight, which also accel-
erates strongly Fenton’s reaction (2) as consequence of the much
higher amount of Fe2+ regenerated.

The influence of current density on drug abatement was also
explored for the PEF-BDD treatment. As can be seen in Fig. 6b,
ibuprofen is more quickly removed as j rises, disappearing in
approximately 60, 50 and 40 min for 6.6, 13.3 and 33.3 mA cm−2,
respectively. The corresponding concentration decays follow a
pseudo-first-order reaction (see inset panel of Fig. 6b) with
increasing k1-values of 1.32 × 10−3 s−1 (R2 = 0.990), 1.52 × 10−3 s−1

(R2 = 0.990) and 2.08 × 10−2 s−1 (R2 = 0.992). This tendency cor-
roborates the expected production of larger amounts of •OH by
acceleration of reaction (2) since more H2O2 is progressively elec-
trogenerated via reaction (1) [16].

3.4. Identification and evolution of aromatic intermediates

The characteristics of aromatic intermediates identified by
GC–MS for the electrochemical degradation of ibuprofen on BDD
and under EF-Pt conditions are given in Table 1. The detected com-
pounds evidence the existence of two main parallel degradative
pathways. The first path involves the destruction of the propionic
acid group of the drug producing consecutively 1-(1-hydroxyethyl)-
4-isobutylbenzene, 4-isobutylacetophenone and 4-isobutylphenol,
whereas in the second one, both propionic acid and isobutyl sub-
stituents are oxidized to give 4-ethylbenzaldehyde. Note that these
organics intermediates have also been reported by Caviglioli et al.
[11] for the chemical oxidation of this drug with permanganate,
dichromate and concentrated H2O2.

Reversed-phase HPLC chromatograms of all treated solutions
with 0.5 mM Fe2+ at pH 3.0 exhibited a well-defined peak related to
4-isobutylacetophenone. This was corroborated from comparison
of its retention time and UV–vis spectrum, measured on the diode
array detector, with those of pure compound. The concentration of
this by-product was then determined via calibration with external
standard and its time-course for all treatments at 33.3 mA cm−2

is presented in Fig. 7. As can be seen, 4-isobutylacetophenone is
more rapidly produced and destroyed as the oxidation power of the
method increases in the order EF < PEF < SPEF, following a similar
way for the both anodes employed in each procedure. For EF-Pt and
EF-BDD, it attains a maximum concentration of 1.3–1.4 mg dm−3

at 15–25 min and disappears in 50–60 min, a time higher than

40 min needed for ibuprofen removal (see Fig. 6a). This indicates
that this compound reacts more slowly with Pt(•OH), BDD(•OH)
and/or •OH than the drug. In contrast, 4-isobutylacetophenone is
much more quickly removed in PEF-Pt and PEF-BDD than ibupro-
fen, being totally destroyed in 30 min after reaching 1.3 mg dm−3 as
maximum at 10 min. This behavior suggests an acceleration of its
formation process, probably by photodecarboxylation of precedent
intermediates with propionic acid complexed with Fe(III) under
UVA light, thus favoring its faster destruction mainly with •OH. The
enhancement of such photodecarboxylation process and the pro-
duction of much more quantity of •OH induced by photo-Fenton
reaction (3) under solar irradiation can explain the fastest removal
of 4-isobutylacetophenone in about 25 min using SPEF (see Fig. 7).

On the basis of the above findings, a plausible reaction sequence
for the initial degradation of ibuprofen by EF, PEF and SPEF is
proposed in Fig. 8. This path only considers the action of the
strongest oxidants Pt(•OH), BDD(•OH) and •OH, whereas the iron
complexes of the drug and its acidic by-products are not shown
for sake of simplicity. The process is initiated by hydroxylation
of ibuprofen either on the C(1) position of its isobutyl sub-
stituent or the C(2) position of its propionic acid group to give the
hypothetical 2-[4-(1-hydroxyisobutyl)phenyl]propionic or 2-(4-
isobutylphenyl)-2-hydroxypropionic acids, respectively. The first
compound evolves to 4-ethylbenzaldehyde via decarboxylation
and loss of 2-propanol [11]. Direct decarboxylation of the sec-
ond one leads to 1-(1-hydroxyethyl)-4-isobutylbenzene, which is
subsequently oxidized to 4-isobutylacetophenone. Further hydrox-
ylation on the C(1) position of the benzenic ring of the latter
compound, followed by loss of acetic acid, yields 4-isobutylphenol.

According to our results, the above decarboxylation pro-
cesses are enhanced by parallel photolysis of Fe(III) complexes
of acidic intermediated by UVA and solar irradiations in PEF

Fig. 7. Evolution of 4-isobutylacetophenone concentration detected as the main
aromatic intermediate during the electrochemical degradation of a 41 mg dm−3

ibuprofen solution for the same trials as Fig. 6a. Method: (©) EF-Pt; (�) EF-BDD;
(�) PEF-Pt; (�) PEF-BDD; (�) SPEF-Pt; (�) SPEF-BDD.
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Fig. 8. Proposed reaction scheme for the initial degradation of ibuprofen by electro-Fenton and photoelectro-Fenton. The sequence includes all aromatics detected, along
with hypothetical intermediates within brackets. Pt(•OH) and BDD(•OH) represent the hydroxyl radical electrogenerated from water oxidation at the Pt and BDD anode,
respectively, and •OH denotes the hydroxyl radical produced in the medium.

and SPEF, respectively. The subsequent mineralization of 4-
ethylbenzaldehyde and 4-isobutylphenol is expected to produce
short-chain linear carboxylic acids. These final intermediates were
then identified and quantified by ion-exclusion HPLC.

3.5. Time-course of generated carboxylic acids

Ion-exclusion HPLC chromatograms of the above treated solu-
tions allowed detecting the formation of pyruvic, acetic, formic
and oxalic acids in all EAOPs tested. Pyruvic acid can be obtained
by oxidation of 2-propanol released during the production of 4-
ethylbenzaldehyde (see Fig. 8) and it was found up to ca. 90 min,
with a maximum content of ca. 2.5 mg dm−3 at 15–20 min. Acetic
acid coming from pyruvic acid degradation [23] and released in the
oxidation of 4-isobutylacetophenone (see Fig. 8) was detected at
10–12 mg dm−3 as maximum until 120 min. Traces of formic acid
were also observed for the treatments with Pt. A very different
behavior was found for oxalic acid, which is produced in large
extent from acetic acid oxidation and mainly, from the oxidative
breaking of the aryl moiety of aromatics [16,20,23,29,30]. Oxalic
acid is the ultimate carboxylic acid since it is directly transformed
into CO2.

Fig. 9a and b illustrates that the evolution of oxalic acid is largely
enhanced when the drug solution is irradiated with UVA and solar
light, respectively, as expected if its complexes with Fe(III) are
quickly photodecomposed [33]. A continuous accumulation of this
acid up to attain 17.6 mg dm−3 (4.7 mg dm−3 DOC) at the end of
EF-Pt can be observed in Fig. 9a, indicating that Fe(III)–oxalate com-

plexes can not be removed neither by Pt(•OH) nor by •OH. That
means that the major components of its final treated solution hav-
ing 13.0 mg dm−3 DOC (see Fig. 1a) are undetected by-products
(8.3 mg dm−3 DOC), probably polymeric compounds, which are also
hardly mineralized by such oxidants. When the EF-BDD method
is applied, Fig. 9a shows accumulation of Fe(III)-oxalate com-
plexes for 180 min, followed by their very slowly destruction with
BDD(•OH) to yield 14.8 mg dm−3 oxalic acid (3.9 mg dm−3 DOC)
in the final electrolyzed solution. Since this solution contains
5.9 mg dm−3 DOC (see Fig. 1a), one can infer that a small con-
tent of 2.0 mg dm−3 DOC corresponds to undetected compounds,
indicating that these species are able to be slowly mineralized
by BDD(•OH), but not by •OH as pointed out above. In contrast,
Fig. 9a evidences a fast photodecarboxylation of Fe(III)-oxalate
complexes in the PEF-Pt and PEF-BDD methods, giving rise to their
total disappearance in 300–360 min. Under these conditions, the
remaining DOC of 5.2 mg dm−3 for PEF-Pt and 2.0 mg dm−3 for PEF-
BDD (see Fig. 1a) can only be ascribed to the presence of persistent
undetected species. The same behavior can be seen in Fig. 9b for
SPEF-Pt and SPEF-BDD, although in both cases Fe(III)-oxalate com-
plexes are completely photolyzed in a shorter time of 60–75 min
because of the higher UV intensity of sunlight, whereas the much
greater production of •OH induced by photo-Fenton reaction (3)
strongly increases the degradation rate of their precedent inter-
mediates. From 120 min of both treatments, the action of solar
irradiation is rather inefficient and the small proportion of remain-
ing compounds related to 5.0 and 3.7 mg dm−3 DOC for SPEF-Pt
and SPEF-BDD, respectively (see Fig. 1a), can only be very slowly
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Fig. 9. Time-course of the concentration of oxalic acid detected as final carboxylic
acid for the degradation of 41 mg dm−3 of ibuprofen in the trials of Fig. 6a. In plot
(a), (©) EF-Pt; (�) EF-BDD; (�) PEF-Pt; (�) PEF-BDD. In plot (b), (�) SPEF-Pt; (�)
SPEF-BDD.

removed by Pt(•OH) or BDD(•OH). The fact that total mineralization
is not easily feasible to be achieved in SPEF can then be related to
the inefficient destruction of such final species with homogeneous
•OH, despite to its high production in the solution bulk.

4. Conclusions

Ibuprofen can be poorly mineralized by homogeneous and het-
erogeneous •OH formed in the EF method. The use of a BDD anode
instead of Pt yields much more oxidation power to this procedure.
When the solution is illuminated with an UVA irradiation, the cor-
responding PEF treatments become much more efficient because
complexes of Fe(III) with acidic intermediates are quickly photode-
composed. The synergistic oxidation action of •OH and UV light is
strongly enhanced under solar irradiation since mineralization is
accelerated by higher production of •OH induced by photo-Fenton
reaction (3) and faster photolysis of Fe(III) complexes. However,
the formation of a small proportion of highly persistent final
by-products, probably polymeric compounds, prevents total min-
eralization, giving rise to 92% DOC removal after 4 h of treatment of
the concentrated drug solution using the most powerful SPEF-BDD
method. The best operating conditions for the SPEF degradations
are achieved using Fe2+ between 0.2 and 0.5 mM, pH 3.0 and low
current density. Thus, the SPEF-BDD treatment of ibuprofen close
to saturation with 0.5 mM Fe2+ and 0.05 M Na2SO4 at pH 3.0 and
6.6 mA cm−2 yields 86% mineralization in 3 h with an energy cost
as low as 4.3 kW h m−3. The drug decay always follows a pseudo-
first-order kinetics when it is oxidized by BDD(•OH), Pt(•OH) and/or

•OH. It reacts more rapidly with the latter oxidant and its destruc-
tion rate depends on current density and UV intensity. Aromatic
intermediates such as 1-(1-hydroxyethyl)-4-isobutylbenzene, 4-
isobutylacetophenone, 4-isobutylphenol and 4-ethylbenzaldehyde
are identified by GC–MS, whereas linear carboxylic acids such as
pyruvic, acetic, formic and oxalic are detected by ion-exclusion
HPLC. The disappearance of the ultimate carboxylic acid, oxalic
acid, depends on the EAOP used. Fe(III)-oxalate complexes are very
slowly removed with BDD(•OH) and quickly photodecarboxylated
by UVA or solar irradiation, but they are not oxidized with Pt(•OH)
and •OH.
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